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1. INTRODUCTION 

From the viewpoint of energy-efficient nitrogen removal, deammonification 
process has significant advantages over conventional denitrification – it does 
not require any external carbon source, enables to save up to 63% of aeration 
costs, produces up to 90% less excess sludge and requires smaller process tanks 
owing to the lower active volume. As a result, wastewater treatment costs are 
significantly lower. An additional advantage is diminished emission of green-
house gases such as CO2 and NOX [1–3]. The anammox-related technology has 
the potential to achieve a neutral or even positive energy balance in complete 
wastewater treatment cycle [4–6] by combining anaerobic treatment of excess 
sludge with use of upflow anaerobic sludge bed reactors (UASBRs) in the 
following nitrogen removal stage [7]. The water from the dewatering of 
anaerobically treated excess sludge (reject water) contributes around 15÷40% of 
the total nitrogen (TN) load in a wastewater treatment plant (WWTP) [8]. 
Reject water from an efficiently operated anaerobic digester has the organic 
carbon to inorganic nitrogen (C/N) ratio of ≤1, which is too low for treating it in 
conventional nitrification–denitrification systems. These are strong arguments 
for treating this stream separately using anammox-based technology. 

The metabolic versatility of anammox organisms, involving use of various 
substrates and electron acceptors has been demonstrated [9]. Among other 
alternative electron acceptors, SO4

2– reduction by anammox bacteria has been 
experimentally observed [10–13]. 

In few earlier studies, start-up of sulphate-reducing ammonium oxidation 
(SRAO) process has been achieved using synthetic substrates [10–15]. If feasible 
for real wastewaters, it may provide opportunities to further reduce the need for 
aeration to produce nitrite for anammox bacteria. In this thesis, feasibility of 
SRAO was investigated using real reject water (paper I). The performance of 
process was compared to ‘conventional’ anammox process (paper II). 

Laboratory-scale nitritation, deammonification and anammox processes were 
successfully started-up at Univerity of Tartu in various configurations (biofilm 
reactors, upflow anaerobic sludge bed and sequencing batch reactors) without 
specific inocula and using reject water from anaerobic digestion of municipal 
sludge [3, 16–23]. In this thesis, based on the experiences from laboratory 
studies cited, scaling up of bench-scale developments to a pilot scale under real 
technological conditions in a WWTP was performed (paper III). Three dif-
ferent configurations of processes under investigation were launched: a two-
stage system consisting of separated nitritation reactor and anammox biofilm 
reactor, a biofilm-based deammonification reactor and a sludge-based deammoni-
fication sequencing batch reactor (SBR). Suitable boundary conditions for the 
start-up of autotrophic nitrogen removal were identified and autotrophic 
nitrogen removal was achieved in all three systems commenced. The pH of the 
liquid phase of the process turned out to be a key factor affecting the success of 
the start-up process. The control over dissolved oxygen (DO) and concentration 
of suspended solids also played an important role. 
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Reject water is a complex multi-component system. The concentrations of 
its components are determined by multiple pH-dependent equilibrial processes 
which are interconnected over protons. The main equilibrial processes are 
carbonaceous equilibrium (CO2)W–HCO3

––CO3
2– and ammoniacal equilibrium 

(NH3)W–NH4
+; other important equilibria include phosphate, sulphide and 

nitrous acid equilibrium1. A mathematical model for the description of chemical 
equilibrium processes in an open system (CO2)G–H2O–(CO2)W–H2CO3–HCO3

––
CO3

2––(CaCO3)S and calculation of pH and concentrations of all species in the 
liquid phase (CO3

2–, HCO3
–, H2CO3, Ca2+, H+, and OH–) at different con-

centrations of (CO2)G ⇌ (CO2)W was presented in paper IV2. Analogously, a 
mathematical model for a closed equilibrium system H2O–(CO2)W–H2CO3–
HCO3

––CO3
2––(CaCO3)S at different certain values of [CO2]W0 was developed in 

paper V3. The interconnection between carbonaceous and ammoniacal 
equilibrium was taken under observation in paper VI by modelling the closed 
system H2O–(CO2)W–(CaCO3)S–NH4Cl. All three models are also experi-
mentally validated. 

                                                                          
1  Subscript ‘W’ denotes aqueous phase; thus (CO2)W and (NH3)W are free (unionised) CO2 
and NH3, respectively, dissolved in aqueous phase. 
2 Subscript ‘G’ denotes gaseous phase; thus (CO2)G is CO2 present in the gaseous phase. 
(CO2)G also denotes atmospheric CO2. Subscript ‘S’ denotes solid phase, thus (CaCO3)S is 
undissolved solid CaCO3. 
3  Square brackets denote concentration of given species (molecules, ions, ion pair or total 
species). Moreover, subscripted ‘0’ denotes initial concentration of the given species. Thus, 
[CO2]W0 denotes initial concentration of dissolved CO2 in the aqueous phase. 
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2. LITERATURE REVIEW 

2.1. Anammox process 

Disappearance of some of the supposedly accumulated NH4
+ in the anoxic marine 

environments was observed as early as 1965. Based on this fact, the hypothesis 
was proposed that a group of unknown microorganisms produced N2 when 
oxidating NH4

+ by using NO3
– as an electron acceptor. In 1977, the possibility 

of oxidation of NH4
+ by using both NO2

– and NO3
– as electron acceptors was 

confirmed via thermodynamic calculations and the existence of anaerobic 
ammonia-oxidising (anammox) bacteria in nature was predicted [24–26]. The 
anammox process was first discovered in a denitrifying fluidized bed reactor 
treating reject water (supernatant) from a methanogenic reactor, and was 
confirmed by nitrogen and redox balances in continuous-flow experiments [27]. 
The autotrophic anammox bacteria belonging to phylum Planctomycetales are 
able to convert NH4

+ to N2 with nitrite as electron acceptor under anaerobic con-
ditions. Eq 1 represents the anammox catabolism. Combining the anammox 
catabolism and anabolism using the experimentally obtained yield of bicarbo-
nate on ammonium (0.066 mol HCO3

– / mol NH4
+) results in the Eq 2 describing 

the overall anammox reaction [4–5]:  
 
 NH4

+ + NO2
– → N2 + 2 H2O (1) 

  
 NH4

+ + 1.32 NO2
– + 0.066 HCO3

– + 0.13 H+ → 1.02 N2↑ + 0.26 NO3
– + 

 + 0.066 CH2O0.5N0.15 + 2.03 H2O (2) 
 
Equations (1) and (2) have been applied as intrinsic stoichiometry of anammox 
process since 1999 in almost all of the studies worldwide. However, in a recent 
study the operation of high purity free suspended cell anammox bacteria, a 
different stoichiometric equation has been purposed [28]: 
 
 NH4

+ + 1.146 NO2
– + 0.071 HCO3

– + 0.057 H+ → 0.986 N2 +  
 + 0.161 NO3

– + 0.071 CH1.74O0.31N0.20 + 2.002 H2O (3) 
 
Deammonification represents a short-cut in the bacterial conversion of NH4

+ to 
N2 and comprises two steps: about a half the amount of NH4

+ is oxidised to 
NO2

– and then residual NH4
+ and NO2

– are transformed to elementary nitrogen 
in an anoxic pathway. The first step involves aerobic oxidation of NHX-N by 
ammonia-oxidizing bacteria (AOB), a process called nitritation. Eq 4 represents 
the catabolism of nitritation [29–30].  
 
 NH4

++ 1.5 O2 → NO2
– + H2O + 2 H+ (4) 

 
The overall reaction of cell synthesis and oxidation of ammoniacal species in 
nitritation process is represented with the Eq 5 as follows:  
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 NH4
+ + 1.38 O2 + 1.98 HCO3

– → 0.018 C5H7O2N + 0.98 NO2
– +  

 + 2.93 H2O + 1.89 CO2 (5) 
 
In the second step, the anammox reaction takes place, leading to formation of N2 
and a small amount of NO3

–. Nitrate can also be formed in the oxidation of 
nitrite by nitrite-oxidising bacteria (NOB) [30]. The latter is considered un-
desirable in deammonification, since it reduces the efficiency of anammox 
process. To some extent, denitrification takes place in anammox and deammoni-
fication systems, depending on the availability of substrate. Due to low C/N 
ratio in reject water and high content of ammoniacal species (500÷1000 mg NHX-
N·L–1 in Tallinn WWTP (paper III) and up to 1300 mg NHX-N·L–1 in Tartu 
WWTP [22]), an anammox-based technology would be suitable to treat the 
reject water from anaerobic sludge treatment separately in order to reduce the 
total nitrogen load in the WWTP-s. 

Various reactor configurations have been used to start-up the anammox 
process in laboratory, pilot and industrial scale, including fluidized bed reactors 
[2, 31], sequencing batch biosludge-based [32–33] and biofilm reactors [34], 
up-flow anaerobic sludge blanket [35] and membrane bioreactors [36], among 
other reactor types [37–38]. Examples of industrial autotrophic nitrogen 
removal technologies requiring inoculation at start-up phase include SHARON® 
[39], CANON [40], OLAND [41], DEAMOX [42], BABE® and PANDA [43–
45], DIB [46] and DEMON [47], Anita™Mox [48] and CANDO [49] techno-
logies. 

 
 

2.2. SRAO process 

Initially, the anammox bacteria were considered to be highly specialized che-
molithoautotrophs. However, the genomic sequencing of Kuenia stuttgartiensis 
revealed that anammox bacteria could actually be regarded metabolic 
generalists rather than specialists. In spite of distinct adaptations required for 
anammox metabolism, it appeared to be compatible with a versatile lifestyle, 
which interconnected the biological cycles of nitrogen, carbon and metals, such 
as iron and manganese [26]. Metabolic versatility was found also characteristic 
to other anammox organisms such like Anammoxoglobus propionicus, Brocadia 
anammoxidans, Brocadia fulgida and Scalindua spp [50]. 

The electron donors that are alternative to NH4
+ include C1–C3 carboxylic 

acids, methanol, mono- and dimethyl amines, hydrogen and Fe2+. The alter-
native electron acceptors, on the basis of genomic data, include Fe3+, FeOOH 
and MnO2. In addition, at least in case of Kuenenia stuttgartiensis, oxygen was 
proposed as a putative electron acceptor [26]. ‘Disguised denitrification’ has 
also been reported as an alternative pathway. In this process, NO3

– is primarily 
converted into NO2

– and part of it is reduced into NH4
+. Hereafter, NH4

+ and 
NO2

– are combined to yield nitrogen by the ‘conventional’ anammox cycle [50]. 
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Recently, applying a metaproteomic approach to study the microbial consortia 
in anoxic groundwater of a pristine limestone-fracture aquifer in Germany, Starke 
R et al found that the order candidate Brocadiales, in addition to anammox 
reaction, was featuring all major carbon fixation strategies, ammonification and 
denitrification as well as assimilatory sulfate reduction and dissimilatory sulfite 
reduction to sulphide [51]. 

The SRAO process was first assumed by Fdz.-Polanco F et al to explain 
‘abnormal’ losses of NHX-N and SO4

2– observed in an anaerobic fluidized-bed 
reactor treating yeast wastewater. The authors demonstrated the feasibility of 
methanogenesis and SRAO in a single reactor and proposed a summary equation 
describing the two-staged process [52]:  
 
 SO4

2– + 2 NH4
+→ S + N2 + 4 H2O ΔG0 = – 46 kJ·mol–1 (6) 

  
Proposed stages were: 
 
 NH4

+ + SO4
2–→ S + NO2

–+ 2 H2O ∆G0 = + 314 kJ·mol–1 (7) 
 
 NH4

+ + NO2
–→ N2 + 2 H2O ∆G0 = – 360 kJ·mol–1 (8) 

 
The other pathways of SRAO reported in the literature are given in Tab 1. 
 

Table 1. Possible pathways for SRAO processes 

N° Reaction References 

 
(9) 
 
(10) 

SRAO reaction with sulfide formation:4 
4 NH4

+ + 3 SO4
2–→ 4 NO2

– + 3 HS– + 4 H2O + 5 H+ Combined 
with anammox reaction:5 
8 NH4

+ + 3 SO4
2–→ 4 N2 + 3 HS– + 12 H2O + 5 H+ 

 

[11, 53–54] 
  

 
 
(11)  

SRAO with NO3
– formation taking place in parallel with 

conversion of NHX-N into N2: 
4 SO4

2– + 3 NH4
+ + 2 HCO3

– → 4 S + 3 NO3
– + 2 H2O + 2 CO2 

 

[55] 

 
 
(12) 
(13) 
(14) 

SRAO with formation of NO3
– and HS– (in marine environments, 

coupled with heterotrophic denitrification) 
NH4

+ + SO4
2–→ NO3

– + HS– + H2O + H+  
5 "CH2O" + 4 NO3

– + 4 H+ → 5 CO2 + 2 N2 + 7 H2O 
4 NH4

+ + 4 SO4
2– + 5 "CH2O" → 5 CO2 + 2 N2 + 11 H2O + 4 HS–

[56] 

 
Various authors [13, 55, 57–60] have mentioned an over-consumption of NHX-N 
in relation to available electron acceptors by anammox consortia under anoxic 
conditions. One of possible explanations of this phenomenon is the generation 

                                                                          
4  ∆G0 = + 338 kJ·mol–1 
5  ∆G0 = −22 kJ·mol–1 
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of ROS (e.g. H2O2, hydroxyl-, peroxide or superoxide radicals) released by 
bacteria in stress or from decaying cells. The reactive oxygen species (ROS) can 
be produced biologically as a result of bacterial respiration under anoxic 
conditions involving organic carbon or any other electron acceptor. Dismutation 
of O2

– anion by superoxide dismutases produces H2O2. As a detoxification 
mechanism, the catalase enzymes readily break H2O2 in an aerobic pathway to 
water and O2, with the latter taken up by AOB and NOB [55, 57–60]. 

If the amount of O2 (produced from ROS) is small and only NO2
– is 

produced in nitritation, the reaction products are SO4
2– and N2 [61]: 

 
 3 HS– + 8 NO2

– + 5 H+ → 3 SO4
2– + 4 N2 +  

 + 4 H2O, ΔG0’ = –2944 kJ·mol–1 (15) 
 
If there is abundant O2 to perform nitrification, S and N2 are generated [62]:  
 
 S2– +0.4 NO3

– +2.4 H+ → S + 0.2 N2 + 1.2 H2O (16) 
 
A few recent studies have documented the link between anammox and sulfide-
dependent denitrification [63–65]. Although several studies have documented 
the coupling of anammox with organotrophic denitrification [66–69] as well as 
with lithotrophic denitrification [31, 63–65], the collected evidence in the present 
study suggests complex interactions between nitrogenous and sulfurous com-
pounds during the coupling between anammox and sulfide-dependent denitri-
fication as mentioned also in [61] and shonw in Fig 1. 
 

 

Figure 1. Interconnections between nitrogenous and sulfurous compounds in case of 
simultaneous occurrence of anaerobic ammonium oxidation (anammox), SRAO and 
sulfide-dependent denitrification. Question marks represent unknown putative inter-
mediates of SRAO [61]. 
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2.2.1. Microorganisms involved in SRAO and  
autotrophic denitrification 

 

2.3. Start-up of anammox process  

One of the key limitations in the application of anammox process is its long 
start-up period due to a low cellular yield and slow growth rate of the anammox 
bacteria, which have a doubling time of approximately 7÷20 days [32, 50, 71]. 
Thus, enrichment and propagation of anammox biomass is a critical factor for a 
successful start-up process.  

In sludge-based configurations, various seed sludge types have been used to 
initiate the propagation of the anammox biomass, including aerobic [33, 37], 
nitrifying [36, 71], denitrifying [72] and methanogenic sludge [73, 74], as well 
as sludge from a SBR system [35, 75]. In case of using a biofilm reactor, it is 
demonstrated that biofilms from from nitrification-denitrification or nitritation-
denitritation systems could be converted into deammonifying one [16, 46]. For 
the shortening of start-up process, ready-to-use biofilms or suspended / granular 
biomass could be purchased from companies such as Purac AB, DEMON 
GmbH and Paques BV. 

 
 

2.3.1. Start-up of deammonification – is inoculum required? 

An alternative to using inoculum is in-situ cultivation of deammonifying bio-
mass [8, 76], which relies on the ability of suspended wastewater microorga-
nisms to attach onto surface of virgin carrier material that provides the suitable 

Liu S et al isolated a new Planctomycete bacterium, which performs oxidation 
of NH4

+ into NO2
– by using SO4

2– as an electron acceptor in compliance with 
the Eq 7, and named it Anammoxoglobus sulphate [10]. Prachakittikul P et al 
reported an identification of several anammox strains found in SRAO cultures, 
possibly involved in SRAO processes. These included clones SRAO-10, 
(KM210532) most closely related to uncultured Planctomycetales clone T13J-
B80 and clone SRAO-22 (KM210536), most closely related to uncultured 
Planctomycetales clone MP-R114 [13].  

A non-planctomycete, Bacillus benzoevorans strain ASR, was reported to 
perform the overall two-staged SRAO reaction (Eq 6) in addition to other 
metabolic pathways involving utilization of various organic compounds [15]. 
Hence, the SRAO process may be a more common metabolic pathway in the 
nature and not restricted to only few genera of bacteria. Some denitrifying 
species of γ-proteobacteria – Pseudomonas sp. HPC262, Pseudomonas stutzeri 
strain SLG510A3-81 and Pseudomonas stutzeri strain SLG510A3 have been 
isolated from anaerobic environment containing sulfides, nitrogen compounds 
and recalcitrant organics [70]. 
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structure for biomass adherance. No additional seeding biomass is used and the 
influent wastewater is the only source of anammox bacteria and AOB [8, 76]. 
Although time-consuming (4÷6 months or more) [17], cultivation of ‘home-
grown’ biomass would enable a WWTP or biogas plant to be independent from 
biomass suppliers and ensure that the biomass is adapted to the composition of 
the wastewater and conditions of the particular facility. Kanders L et al 
concluded that systems’ seeding with proper bacteria did not contribute to a 
shorter start-up time in comparison to inoculum-free commencement [76]. The 
latter start-up strategy has been mentioned in relatively few studies [8, 76]. A 
modification of this strategy is partial seeding with a small fraction of pre-
colonized carriers in order to reduce the time required for the development of a 
mature deammonification biofilm on the brand new carriers. An example of this 
strategy includes the Anita™Mox [48]. On the other hand, Schneider Y et al 
found that seeding with fully functional deammonification biofilm was not an 
efficient start-up strategy for moving bed biofilm reactor (MBBR) deammoni-
fication systems [77]. 

As reported by Christensson M et al, the start-up times were shortened to 
2÷4 months in two Swedish WWTP-s (Sjölunda and Sundet) using Anita™Mox 
process seeded with pre-colonized carriers comprising 3÷15% of total carrier 
mass. Concomitantly, a real-time aeration control strategy was applied. During 
start-up period, the total nitrogen loading rate (TNLR) was kept slightly above 
the capacity of the seeding media and steadily increased. A removal rate of 
1.2 kg-NHX-N·m–3·d–1 with 90% NHX-N removal efficiency was obtained 
(a) without any pre-treatment of the reject water, (b) without any addition of 
methanol or other carbon source, acid or base solution, (c) with no mechanical 
mixing (i.e. continuous aeration was sufficient for mixing carriers) and (d) wit-
hout any heating [48]. Chen H et al achieved a shortening of start-up time from 
96 to 40 days using a mixture of anammox and denitrifying sludge, compared to 
denitrifying sludge, which was used in bioreactors fed with a synthetic waste-
water [78]. 

 
 

2.3.2. Operation parameters as key factors of start-up 

Sensitivity of anammox bacteria towards elevated concentrations of DO, NO2
–, 

free nitrous acid (FNA), and free ammonia (FA) during the start-up phase has 
been widely reported [76–80]. Concentration of FA is estimated in many studies 
of biological treatment of wastewater by using Eq 17 [79–81, 84–86]: 
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In the equations (17) and (18),

3NHb,K is the basicity constant of NH3, KW is the 

ion-product constant of water, t is the temperature in ºC and [NH4
+-N] is the 

concentration of ammonium nitrogen, usually expressed as mg-N·L–1. 
The term [NH4

+-N] in Eq 17 actually represents summary concentration of 
two species, nitrogen found in ammonium ions and nitrogen found in molecules 
of dissolved free ammonia, which are at equilibrium; thus elsewhere in this 
thesis, more accurate denotion [NHX-N] is preferred. 

FA concentrations inhibitory to anammox process are reported to be in a 
wide range: 1.7÷150 mg-N·L–1 [79–80, 87–89], depending on the maturity and 
composition of the biomass. 

Concentration of FNA is estimated from Eq 19 in most studies of biological 
nitrogen removal [84, 90–93]: 
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In the equations (17) and (18), 

2HNOa,K is the acidity constant of HNO2, t is the 

temperature in ºC and [NO2
––N] is the concentration of summary nitrous 

nitrogen (nitrogen found in nitrite ions and in undissociated HNO2 molecules), 
usually expressed as mg-N·L–1. 

Using the equations (17) and (19) in case of complex wastewaters neglects 
the participation of FA and FNA in various chemical equilibrium processes. 
Except for the model presented by Hafner and Bisogni for the calculation of FA 
in anaerobic digesters [94], no alternative methods to estimate FA or FNA have 
been presented in literature surveyed by the author of this thesis.  

In order to control FA and FNA and maintain suitable boundary conditions 
during start-up period for AOB-anammox consortia, most studies available in 
the literature report the use of diluted real high-ammonia wastewater or 
synthetic wastewater with NHX-N concentrations below 200 mg-N·L–1. The 
dilution factor is decreased the as the bacterial consortium develops [19, 45, 76, 
95]. The main benefit of undiluted reject water would be the opportunity to take 
advantage of the mesophilic temperature of reject water. However, possible FA 
inhibition and potential for the excessive generation of nitrite owing to higher 
NHX-N content in the influent during start-up period still remains a challenge 
[81]. For these reasons, only few studies [96–97] report the use of undiluted 
reject water from the inception of bioreactor operation. 

– N]
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2.3.3. Aeration control 

A key factor for the successful start-up of single-stage deammonification pro-
cess is the DO control. An excessive aeration may result in the accumulation of 
NO2

– reaching an inhibitory level to anammox bacteria. Moreover, a persisting 
DO concentration exceeding 1.5 mg O2·L

–1 promotes the growth of NOB and 
leads to an accumulation of NO3

–, which, in turn, causes a drop in pH and 
results in an out-competing of anammox bacteria by the NOB. For the above-
mentioned reasons, the aeration control in a range of 0÷1.5 mg O2·L

–1 has been 
used in earlier laboratory-scale studies with intermittent aeration application 
[16, 19, 21, 23]. 

A real-time DO control strategy, based on maximized nitrite production 
while preventing its further oxidation to nitrate, is a key add-on feature to the 
Anita™Mox technology. A control loop continuously calculates the amount of 
NO3

–-Nproduced / NHX-Nremoved based on signals from online sensors in the inlet 
and outlet of the reactor. The value of the NO3

–-Nproduced / NHX-Nremoved ratio 
higher than 0.11 indicates oxygen excess and the DO set-point should be 
decreased. If the NO3

–-Nproduced / NHX-Nremoved ratio is lower than 0.11, DO set-
point should be increased to achieve further increase NHX-N removal [48]. 

In the DEMON process, the aeration control is based on pH-stasis. The 
controller is established out of three main parameters – time, pH and DO – 
listed according to their order of hierarchy. The aeration system is activated 
only within a very tight pH-bandwidth of 0.01. The set-point of DO control is 
specified at a low range, close to 0.3 mg·L–1 in order to prevent rapid nitrite 
accumulation and to maintain a continuous repression of the second oxidation 
step of nitrite to nitrate [98]. 

 
 

2.4. Carbonaceous equilibrium and its effect  
on autotrophic nitrogen removal  

The biological treatment of reject water is affected by the pH-dependent 
equilibrial processes that govern the concentrations of ammoniacal, carbo-
naceous and phosphatous species, nitrous acid forms and other ions and 
molecules, which are relevant for the microorganisms as substrates, nutrients, 
inhibitors or toxins. Within this thesis, the carbonaceous and ammoniacal 
equilibria have been taken under observation. The carbonaceous equilibrium has 
been analysed in detail on the basis of heterogenous systems involving solid 
CaCO3, aqueous and gas phase. The carbonaceous equilibria are analysed, 
providing a wider, global context, not limited just to reject water treatment. 
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2.4.1. Importance of carbonaceous equilibria in the nature 

The carbonaceous equilibrium constitutes the most important acid-base equi-
librium in the global redox carbon cycle spanning Earth’s various geospheres: 
hydrosphere, atmosphere, upper part of lithosphere and biosphere. The carbon 
cycle can be formally presented as a closed loop consisting of the two branches – 
oxidative and reductive. It has two main processes, one of which is photo-
synthesis, where the carbonaceous species are turned into the reduced state e.g. 
organic matter. Another process, mineralization of organics, provides the reverse 
transition [99]. In the biosphere the CO2 participates in biological processes 
either as the end product of respiration or as a substrate for biosynthesis in auto-
trophic and photosynthetic organisms [100]. The carbonaceous equilibrium also 
bears an essential role in buffer system of the body fluids of Metazoan orga-
nisms [101]. 

The chemical species that make up the carbonate system in most natural 
waters comprise of gaseous and dissolved CO2, carbonic acid (H2CO3), bicarbo-
nate (HCO3

–), carbonate (CO3
2–) and carbonate-containing solids, e.g. CaCO3. 

Carbonates and bicarbonates may form complexes and ion pairs with metal 
cations such as Ca2+ and Mg2+ [102]. CaCO3 is the principal component of the 
limestone rocks and the skeletons of most marine invertebrates. There are two 
common CaCO3 minerals, calcite and aragonite. Under equilibrium conditions 
at ambient temperature and pressure, calcite is more stable while aragonite is 
often the phase deposited biologically and the conversion to calcite occurs 
slowly [103]. There is no single universal factor that controls calcite and 
aragonite precipitation in natural water bodies [104]. Less stable forms include 
vaterite, amorphous calcium carbonate, etc [103–104]. The dissolution of 
carbonate-bearing minerals such as limestone is a major source of carbonaceous 
species in natural waters; other sources include direct entry of CO2 from the 
atmosphere to water and metabolic activity of the organisms in the water and 
soil [102, 105]. Although calcium ions do not show any adverse effect on 
human health, they promote the carbonate scale formation, which impairs water 
supply by blockage of valves, pumps and pipelines, impart an alkali taste to the 
water, and can also cause other aesthetic problems [105]. Scaling also affects 
wastewater facilities. By its influence on the carbonaceous equilibrium, CaCO3 
affects both chemical and biological wastewater treatment processes [102].  

The World Ocean’s carbonate systems constitute the main sink for (CO2)G 
from the atmosphere. Atmospheric CO2 concentrations have oscillated between 
200 and 280 ppm over the 400 000 years before the industrial period [106], but 
increased by approximately a third since the start of the Industrial Revolution in 
the late eighteenth century, to 409.5 ppm in April 2019 [107], and are currently 
rising by about 1.7 ppm per year. Around 20% of anthropogenic CO2 emitted to 
the atmosphere is taken up by the terrestrial biosphere and 30% dissolves into 
the oceans [106], leading to an increase of ocean acidity by 0.1 pH units since 
pre-industrial times [108]. 
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For equilibrium between dissolved and atmospheric CO2 at a certain partial 
pressure P(CO2)G, the concentration of (CO2)W is in equilibrium with (CO2)G. 
Carbonate systems can either be closed systems in which the dissolved carbonic 
species do not exchange matter with the gas phase (CO2 in soil or atmosphere), 
or open systems, in which the liquid is open to gas phase, i.e. exchanges matter 
with the gas phase. The closed systems can be homogenous without the presence 
of solid CaCO3, or heterogeneous where the solid CaCO3 is present. The open 
systems can be either binary (without CaCO3) or ternary (CaCO3 is present). In 
an open equilibrium system, a constant P(CO2)G fixes the concentration of 
dissolved CO2 independently of the concentration of dissolved CaCO3. In a closed 
system, the concentration of dissolved CO2 will change as the summarized 
concentration of all dissolved carbonaceous species ∑[COx]W is altered [103].  

 
 

2.4.2. Literature overview of modelling of the system  
H2O–(CO2)W– (CaCO3)S 

Dissolution and precipitation of calcium carbonate in the system H2O–(CO2)W–
(CaCO3)S has been extensively researched because of the relevance of these 
equilibrial processes in many fields, which include, but are not limited of, 
geochemistry, oceanography, marine biology, CO2 sequestration, isotope-based 
paleoclimatical studies, soil sciences, environmental sciences, water supply and 
industrial engineering [109–110]. The equilibrium state of a carbonate system is 
defined by equilibrium constants, charge balance (the electrical neutrality 
criterion) [103, 111] and molar balance (mass conservation criterion) [110]. 
Various equilibrial and kinetic models have been proposed for describing of 
equilibium system H2O–(CO2)W–(CaCO3)S [103,109–111]. A detailed systematic 
interpretation of all processes taking place in a system H2O–(CO2)W –(CaCO3)S 
during its evolution to equilibrium state is, however, still lacking. For 
calculations of [CO2]W, [H2CO3], [HCO3

–], [CO3
2–], [Ca2+], [H+], [OH–], in some 

models also the ion pairs such as [CaCO3
0], [CaOH+] and [CaHCO3

+] [103, 109, 
112–113], are used6. An ion pair is a pair of oppositely charged ions temporarily 
held together by the electrostatic attraction force without formation of a 
covalent bond. Experimentally, an ion pair in the solution behaves as one unit in 
determining conductivity, kinetic behaviour, osmotic properties, etc. of that 
solution. A certain population of these pairs is supposed to exist at any given 
time, since the formation and dissociation of ion-pairs are continuous equilibrial 
processes [114].  

                                                                          
6  Square brackets denote concentration of the given species, i.e. [CO2]W indicates the 
concentration of free CO2 in the water phase, [H2CO3] the concentration of carbonic acid etc. 
CaCO3

0 is a neutral ion pair assumed to form in association of a Ca2+ ion with CO3
2– ion. 

CaOH+ and CaHCO3
+ are positive ion pairs assumed to form when a Ca2+ ion associates with 

a OH– or HCO3
– ion, respectively. 
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Some authors assume that aqueous carbonaceous species react with water 
via processes of hydrolysis and Ca2+ ions interact with water and anions from 
solution to yield ion pairs. This assumption should be critically analysed. The 
following processes have been proposed for characterization of the equilibrium 
system H2O–(CO2)W–(CaCO3)S [112–113]:  
 
 (CaCO3)S ⇌ Ca2+ + CO3

2– (21) 

  
 (CaCO3)S ⇌ CaCO3

0 (22) 

 
 CaCO3

0 ⇌ Ca2+ + CO3
2– (23) 

  
 CO3

2– + H2O ⇌ HCO3
– + OH–  (24) 

 
 HCO3

– + H2O ⇌ H2CO3 + OH–  (25) 
 
 H2CO3 ⇌ H2O + (CO2)W (26) 

 
 Ca2+ + H2O ⇌ Ca(OH)+ + H+  (27) 
 
 Ca2+ + HCO3

– ⇌ CaHCO3
+ (28) 

  
 Ca2+ + OH– ⇌ Ca(OH)+ (29) 

 
Reactions (21)–(23) describe dissolution of (CaCO3)S (solid CaCO3), (24)–(26) 
are subsequent hydrolysis reactions and (27)–(29) describe formation of ion 
pairs. 

Arakaki T and Mucci A adapted a surface complexation model to describe 
the assumed chemical structure and reactivity of calcite-water interface. They 
proposed that surface speciation on the solid-liquid phase boundary during 
equilibrial dissolution of calcite crystals is governed by the following cycle of 
surface reactions [109]: 
  
 >CO3

– + 2H+ + Ca2+ ⇌ >Ca+ + H2CO3 (30) 

 
 >Ca+ + H2CO3 ⇌ >CO3H

0 + CaHCO3
+  (31) 

 
 >CO3H

0 + CaHCO3
+ ⇌ >Ca+ + H2CO3 + CaCO3

0 (32) 
 
These reactions involve adsorption of dissolved ions onto liquid-solid boundary 
layer of CaCO3 crystals. The symbol ‘>’ denotes species associated with the 
surface of CaCO3 crystals (adsorbed ions). Thus >CO3

– and >Ca+ indicate 
surface-bound paired ions with resultant electric charges –1 and +1, respectively, 
while >CO3H

0 is an electrically neutral paired ion. In addition, reversible ion 
pairing between Ca2+ and CO3

2– was included in the proposed model [109].  
Complex surface reactions on calcite-solute boundaries have also been 

proposed in studies on zeta potential of calcite particles [112, 115]. 
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A proton-centric model presented in this thesis that shows a good coincidence 
between experimental research and theoretical calculations does not support 
above-mentioned interpretations applying ion pairs. 

 
 

2.4.3. Effect of carbonaceous equilibrium  
on autotrophic nitrogen removal 

Due to limestone bedrocks, in many places in Estonia, potable water has an 
elevated content of dissolved Ca2+ (up to 1.8 mmol·L–1 in Tallinn, as of 2016) 
and carbonaceous species (up to 3.1 mmol·L–1 HCO3

– in Tallinn) [116]. The 
content of Ca2+ around 2 mmol·L–1, total hardness 3.2 mmol·L–1 and bicarbo-
naceous alkalinity 8.6 mmol·L–1 were mean values in municipal wastewater 
(Tallinn WWTP, January 2014, unpublished data). During the sludge digestion 
process nearly equal amounts of ammonium and carbonaceous species (in 
mmol·L–1) are released into the supernatant [117]. Due to additional presence of 
phosphate species and significant concentrations of Ca2+ and Mg2+, many 
equilibrial processes occur in the reject water. 

Use of Eq 17 for estimation of FA is based on the assumption that NH4
+ is 

the only species in equilibrium with (NH3)W. However, this approach is not 
sufficient for modelling processes in supernatant from an anaerobic digester, 
where a variety of factors, including interactions between ammoniacal and 
carbonaceous equilibria and sedimentation of struvite or CaCO3 have to be 
taken into account [94]. The authors presented a model of speciation for 
ammonia in the liquid phase of anaerobic digesters, based on Pitzer’s ion-
interaction approach. The Pitzer model extends the Debye-Hückel equation, 
using a virial expansion for the excess Gibbs energy to account for the ionic 
strength dependence of the short range forces in binary and ternary ion 
interactions [118]. There are no non-thermodynamic, equilibrial models taking 
into consideration all conjugated acid-base processes in the system containing 
both carbonaceous and ammoniacal species in literature surveyed by the author 
of this thesis. 

 
 

2.5. Aims of study 

Based on the literature survey, the following specific objectives were set: 
1) To find out the conditions for start-up of SRAO, evaluate the feasibility of 

SRAO and compare the efficiency and stability of the SRAO process against 
conventional anammox in laboratory scale (papers I and II); 

2) To find out the influence of different reactor configurations on start-up of 
conventional autotrophic nitrogen removal at laboratory and pilot-scale. In 
case of pilot study, the operational conditions were dictated by a real 
technological process in the WWTP and no anammox-specific inoculum was 
used (paper III); 
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3) To identify the main setting conditions influencing the effective start-up of 
anammox process (as stated under Aim 2) and develop a stategy for process 
control (paper III); 

4) To develop non-thermodynamic mathematical models for the equilibrial 
processes affecting the biological nitrogen removal, such as carbonaceous 
and ammoniacal equilibria. These models must take into consideration all 
conjugated acid-base processes in the system (papers IV, V, and VI). 
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3. MATERIALS AND METHODS 

3.1. Laboratory-scale experiments with sulfate  
as alternative electron acceptor 

3.1.1. Configurations of reactors 

Three laboratory-scale reactors were operated in parallel (Fig 2): a SRAO MBBR 
with an effective volume of 3.3 L, a SRAO UASBR (0.75 L) and a conventional 
anammox UASBR (1.5 L). 

 
 

3.1.2. Influent 

The influent was based on reject water from dewatering of anaerobically 
digested municipal wastewater sludge. The reject water contained sufficient 
amounts of micro- and macronutrients needed for propagation of the anammox 
process [16] and served as a source of both ammoniacal nitrogen NHX-N and 
anammox bacteria. Dilution of reject water was prepared by mixing reject water 
with tap water. As a SO4

2– source, K2SO4 was added to the influent of SRAO 
reactors, while NaNO2 was added to the influent of Anammox UASBR as a 

 
Figure 2. Schemes of the laboratory reactors 
 
A detailed description of initiation and operation of each reactor as well batch 
assays is given in papers I and II. 
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source of NO2
–. The influent had the following ratios of essential parameters: 

chemical oxygen demand to total nitrogen ratio COD:TN = 0.78:1 (range 
0.39÷1.10) and chemical oxygen demand to biological oxygen demand ratio 
COD:BOD7 = 1.95:1 (range 1.82÷2.03). 
 
 

3.1.3. Analytical methods 

Samples of the influents and effluents from both the MBBR and the UASBR 
were collected at least once a week for prompt chemical analyses and physico-
chemical measurements.  

The analyses of concentrations of NHX-N, nitrous nitrogen NO2
–-N, nitrate 

nitrogen NO3
–-N, HCO3

–, sulphate sulphur SO4
2–-S, HS– / S2–, and COD were 

performed using the standard methods according to [119]. Hydrazine was 
determined spectrophotometrically using a Hach Lange DR2800 type 
spectrophotometer. Prior to the application of the Hach Lange HydraVer 2 
reagent (containing p-dimethylaminobenzaldehyde), 0.5% solution of sulfamic 
acid was added to the sample as described by George M et al [120], in order to 
eliminate interference from NOx

– (NO2
– + NO3

–). A spectro-photometric method 
was applied for measurement of hydroxylamine as well, at the wavelenght of 
705 nm as reported by Frear DS and Burrell RC [121]. Humic and fulvic 
substances were analyzed by high-performance liquid chromatography (HPLC) 
according to the method described by Ibrahim MBM et al [122].  

The DO concentration was measured by portable oxygen meter (Marvet 
Junior MJ2000, Estonia) and pH by a portable pH meter (Evikon, Estonia, or 
SensIon, Hach Lange). The oxidation-reduction potential (ORP) was measured 
by a Eutech redox electrode connected with a Jenway pH meter in the mV 
mode. The chemical analyses were performed either by the autor of the thesis or 
by laboratory assistant Anne Paaver. 

Data and statistical analyses were performed by the MS Excel 2010 Analysis 
ToolPak. Homogeneity of group variances and the difference between group 
means were checked using the F-test and the two-way t-test, respectively. The 
level of significance was set at α < 0.05. The data analysis was performed by 
the author of the thesis in cooperation with Ivar Zekker and other co-autors of 
papers I and II. 

 
 

3.1.4. DNA extraction, nested PCR and DGGE 

The deoxyribonucleic acid (DNA) of biomass was extracted with the MoBio 
PowerSoil DNA extraction kit (MoBio Laboratories Inc.) according to the 
manufacturer’s instructions. Fingerprinting of Planctomycetes and Nitrospira 
communities was conducted via polymerase chain reaction (PCR) and denaturing 
gradient gel electrophoresis (DGGE). The first PCR round for amplification of 
Planctomycetes was performed with a wide-range primer set, Eub27f / Eub1492r 
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as reported by Lane DJ [123], and the second PCR round was performed with a 
Planctomycetes-specific primer Pla46f with a GC-clamp (GC CGC CGC GCG 
GCG GGC GGG GCG GGG GC) as reported by Neef A at al [124]. The second 
round was coupled with an anammox-specific primer Amx368r as reported by 
Sànchez-Melsió A et al [125].  

Nested PCR was carried out according to thermocycling parameters as 
described by Sànchez-Melsió A et al [125]. PCR was also performed to identify 
Nitrospira strains with the primer set NSR1113f / NSR1264r, which are specific 
for Nitrospira 16S rDNA, using a PCR program described by Dionisi HM et al 
[126]. DGGE for detecting diversity of most abundant microorganisms was 
conducted using the eubacterial primer set GC-BacV3f / 907r as described in 
previous studies [127–129].  

 
 

3.1.5. Sequencing and phylogenetic analysis 

PCR for sequencing was performed with the BigDye® Terminator v3.1 Cycle 
Sequencing Kit (Life Technologies Corporation, USA). The sequences acquired 
were compared to the available database sequences via a Basic Local Alignment 
Search Tool software (BLAST) search and the related sequences were obtained 
from the GenBank. In order to determine the phylogenetic position of the 
anammox 16S rRNA gene sequence acquired, it was compared with available 
database sequences via a BLAST search, obtaining the related sequences from 
the GenBank. Further analysis was carried out with Molecular Evolutionary 
Genetics Analysis (MEGA) software version 5.0 applying the neighbor-joining 
method. The analytical procedures and data analysis were performed in Tallinn 
University of Technology, Chair of Biotechnology, by Anne Menert and Liis 
Loorits. 
 
 

3.2. Operation of pilot plant 

3.2.1. Pilot plant 

The automated pilot plant consisted of three independent parallel operational 
units that were initiated simultaneously. The automatic control system used a 
Unitronics Vision V1040 controller. The main process tanks (AnamMBBR, 
DeamMBBR and DeamSBR) had a total volume of 3 m3 each. The AnamMBBR 
was equipped with an auxiliary nitritation reactor (NitriSBR) with a total 
volume of 0.3 m3 – the first stage in the NitriSBR-AnamMBBR system. The 
NitriSBR was a sludge-based sequencing batch reactor, serving as a pre-
nitritation tank in a pair consisting of the NitriSBR and the AnamMBBR. The 
latter was a biofilm-based anoxic anammox reactor – the second stage of the 
two-stage system. The DeamSBR was a sludge-based deammonification SBR. 
The DeamMBBR was a single-stage biofilm-based intermittently aerated 



deammonifying moving bed biofilm reactor. A detailed description of the pilot 
plant is given in paper III. 

At initiation, 50% of active volume in both biofilm reactors AnamMBBR 
and DeamMBBR was loaded with blank biofilm carriers (BioElementsLight 
type RK, specific surface 750 m2·m–3, density 930 kg·m–3 – see paper III). No 
inoculum was used and reject water from dewatering of anaerobically digested 
municipal wastewater sludge was the sole source of anammox bacteria. During 
oxic periods, the maximum DO setpoints were 5 mg-O2·L

–1 in the NitriSBR and 
0.8 mg-O2·L

–1 in both DeamSBR and DeamMBBR. Operation of the pilot plant 
was performed by the author of this thesis in cooperation with other co-autors of 
paper III. 

The scheme of pilot plant is shown in Fig 3 and a photo of pilot plant in 
Fig 4. 
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Figure 3. Scheme of pilot plant 
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3.2.2. Influent 

The influent of the pilot plants consisted of undiluted reject water from 
WWTP’s anaerobic digester deposited by centrifugation (Tab 2).  
 
Table 2. Characteristics of the influent of the pilot plant 

Characteristic, unit Mean ± SD 

TN, mg-N·L–1  718 ± 117 

NHX-N, mg-N·L–1  717 ± 117 

NO2
–-N, mg-N·L–1  0.20 ± 0.35 

NO3
–-N, mg-N·L–1  0.38 ± 0.57 

COD, mg-O2·L
–1  312 ± 125 

BOD7, mg-O2·L
–1  100 ± 60 

P, mg-P·L–1  10 ± 3 

Alkalinity, mmol·L–1   60 ± 8 

NHX-N / alkalinity molar ratio  0.87 ± 0.05 

Hardness, mmol·L–1  3.65 ± 0.85 

Total suspended solid, mg·L–1  500 ± 214 

 

  

 
Figure 4. Photo of pilot plant 
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3.2.3. Analytical methods 

[NHX-N], [NO2
–-N], [NO3

–-N], and (COD) were determined using standard 
methods [119]. The inorganic carbon (IC) was analyzed using an Analytic Jena 
MULTI NC (Germany) instrument. Alkalinity was determined titrimetrically, 
using potentiometric titration with 0.1 M HCl. The pH was measured potentio-
metrically. 

Most chemical analyses were performed by laboratory assistent Anne Paaver 
in Laboratory of Environmental Chemistry, University of Tartu. Data analysis 
was performed by the author of this thesis, in cooperation with other co-authors 
of paper III. 

 
 

3.2.4. Calculations of FA and FNA 

FA and FNA were estimated using equations (17) and (19), respectively [81]. 
 
 

3.2.5. Estimation of anammox abundance by qPCR 

Samples of biomass were harvested trice on days 318, 528 and 681. qPCR was 
conducted in Tallinn University of Technology, Chair of Biotechnology, using 
two primer sets Amx694F (GGGGAGAGTGGAACTTCTG) and Amx960R 
(GCTCCACCGCTTGTGCGAGC), which amplify approximately 285 base pair 
fragments from most anammox bacteria’s 16S rDNA gene [130]. The detailed 
description of procedure of estimation of anammox abundance is given in 
paper III. 
 
 

3.3. Experimental validation of theoretical models  

The description of experimental validation of developed matemathical models 
for open heterogenous system H2O–(CO2)G–(CO2)w–H2CO3–HCO3

––CO3
2––

(CaCO3)S, closed heterogenous system H2O–(CO2)w–H2CO3–HCO3
––CO3

2––
(CaCO3)S and closed heterogenous system H2O–(CO2)W–(CaCO3)S–(NHX)W is 
given in papers IV, V and VI, respectively. 

The experimental validation of the model presented in paper IV was 
performed by the autors of the thesis. The validation of models presented in 
papers V and VI was performed by author of this thesis and by doctoral student 
Kalev Uiga. 
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4. RESULTS AND DISCUSSION 

4.1. SRAO experiments 

4.1.1. Summary of reactors’ operation 

The SRAO MBBR was seeded with carriers from a laboratory MBBR per-
forming a conventional anammox process. NO2

– as the electron acceptor was 
replaced with SO4

2–, which resulted in a decrease in the total nitrogen (TN) 
removal efficiency. During the 350-day operational period, the total nitrogen 
removal rate (TNRR) fluctuated in a range of 0÷0.12 kg-N·m–3·d–1 (avg. 
0.03 kg-N·m–3·d–1) and total nitrogen removal efficiency (TNRE) in a range of 
0÷72% (avg. 24%, Fig 5). The conversion rate of SO4

2– also showed large 
fluctuations (avg. 0.01 kg-S·m–3·d–1, Fig 6). The average ORP in the effluent 
was +130 mV and the average estimated FA was 6 mg·L–1. The MBBR process 
resulted in a decrease in pH by about 0.4 units to an average value of 8 in the 
effluent. In spite of differences in the operating temperatures (36 ºC in the 
SRAO MBBR and 20 ºC in the SRAO UASBR) and in the reactors’ con-
figuration, the performance of these reactors was similar in terms of both, TN 
removal and sulphate reduction.  

In the UASBR, the TNRE fluctuated in a range of 1÷75% (avg. 23%) and 
TNRR in a range of 0÷0.09 kg-N·m–3·d–1 (avg. 0.03 kg-N·m–³·d–1) (Fig 5). The 
average conversion rate of SO4

2– was nearly equal to one of the MBBR (Fig 6), 
as were the estimated FA values and pH. The average ORP in the effluent of 
UASBR was +149 mV. 

In the Anammox UASBR which was seeded with sludge from the same 
source as the SRAO UASBR, the nitrogen removal rapidly increased in first 40 
days. Then, after a period of instability, the Anammox UASBR achieved a 
nitrogen removal over 90% in days around 130÷160, followed a new period of 
instability, related to an increase in NO3

– in the liquid phase of the reactor. After 
day 250, the reactor achieved a stable nitrogen removal around 70%. The 
average TNRR over the entire operation period was 0.25 kg-N·m–3·d–1 and the 
average TNRE was 69% (Fig 5). 

FA inhibition in the SRAO reactors was unlikely, as the inocula were 
adapted to FA concentrations present in the reactors or even higher values. The 
same can be assumed for sulfide, as its concentrations in the effluents of both 
reactors were below 100 μg·L–1. At pH around 8, the less harmful form HS– 

predominated over more toxic free H2S. Negative ORP values were reported to 
be propitious for the SRAO reaction [11], thus, positive values of ORP, 
observed in this study, might be a factor contributing to the modest efficiency of 
the SRAO process. For comparison, other researches of the SRAO process, 
using synthetic wastewaters have achieved 40÷45% NH4

+ removal efficiencies 
[12, 14, 15] while Fdz.-Polanco F et al [52] have reported 30÷55% total 
Kjeldahl nitrogen removal studying treatment of vinasse-based wastewater.  
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Figure 5. TNLR and TNRR in the laboratory reactors: A – SRAO reactors; B –
conventional anammox reactor 
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Figure 6. Sulfate loading and removal rates in SRAO reactors 
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After day 239, anammox intermediates (hydrazine and hydroxylamine, forms of 
N2H5SO4 and NH2OH×HCl, respectively) were injected into all reactors. More 
stable process was observed in all reactors, but the effect was the most pro-
nounced in the SRAO UASBR. Interestingly, also sulfate conversion increased 
in the SRAO UASBR, indicating that intermediates might stimulate the SRAO 
process in this reactor. 

The operation of laboratory SRAO reactors as well as the Anammox reactor 
is described in more detail in papers I and II. 

 
 

4.1.2. Stoichiometry of SRAO and conventional Anammox 

The molar ratio of NH4
+ oxydised in SRAO process was consistently more than 

twice higher than the amount of SO4
2– reduced. This ratio was different from 

most other studies of SRAO [10, 12, 15, 52], which reported stoichiometric 
ratios close to 2:1. Only few studies [57–59] report higher NH4

+ removal ratios, 
similar to the results in this thesis.  

The possible effect of Fe3+ and Mn4+ in anoxic biological oxidation of NH4
+ 

can be neglected on the ground of their low concentration in the reject water 
(<1 mg·L–1). The DO content in the influent was ≤0.2 mg·L–1 and O2 leakage was 
minimized by use of a water-seal for the stirrer rod and keeping the discharge 
gates of the effluent tubes beneath water level in the vessels receiving effluent. 

The possible explanations for over-consumption of NHX-N could be:  
1) The activity of AOB and NOB that generate NOX

–, which, in turn, is 
denitrified in both autotrophic and heterotrophic pathways. The AOB and 
NOB live on either limited O2 leakage, or microbially produced ROS, or both. 
Autotrophic denitrification uses sulphur and reduced sulfurous compounds. 
Another hypothetical way for generation of oxygen in anoxic medium is 
intra-aerobic pathway of nitrite-dependent anaerobic methane oxidising 
(NDAMO) bacteria, which have been also found in sludge of wastewater 
treatment plants [131]. There is, however, no solid evidence of presence of 
NDAMO in this study. Sulfur-utilizing autotrophic denitrification results in a 
partial recovery of SO4

2–. Aerobic NHX-N oxidation combined with auto-
trophic denitrification thus increases the ∆NH4

+/∆SO4
2– ratio in both ways, 

by the oxidation of an additional amount of NHX–N and re-oxidation of 
reduced sulfurous spices. These reactions proceed according to equations 
(33)–(36), published by Li W et al [132]: 

 
 S + 6/5 NO3

– + 2/5 H2O → SO4
2– + 3/5 N2 + 4/5 H

+  (33)  
 ∆G0 = – 548 kJ·mol–1 

 
  HS  + /  NO– 8

5 3
– + /  H  7

5
+ → SO4

2– + /  N  + /  H O   4
5 2

4
5 2

  ∆G0 = – 739 kJ·mol–1 

 
 S + 2 NO2

– → SO4
2– + N2 (35) 

 ∆G0 = – 676 kJ·mol–1 

  (34)  
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 HS  + /  NO– 8
3 2

– + /  H  7
3

+ → SO4
2– + /  N  + /  H O  4

3 2
4

3 2

 ∆G0 = – 981 kJ·mol–1   
 

The presence of denitrifying sulfur-oxidizing Sulfurimonas denitrificans 
DSM1251 [133] in the inoculum as well as in the UASBR sludge, and very 
low (<100 μg·L kJ·mol–1) sulphide concentrations provide a clear evidence 
in favour of this denitrification mechanism. In another work, a stable co-
culture of anammox bacteria and Sedimenticola sp., consuming sulfide, 
nitrate, NHX-N, and inorganic carbon (IC) was reported, with Sedimenticola 
sp. acting in the same role as Sulfurimonas denitrificans DSM 1251 in this 
study [64]. 

2) Adsorption, desorption and ion exchange by the extracellular polymers of 
biomass. These processes have been shown to occur in case of activated 
sludge, aerobic granular sludge and anammox granules, but can potentially 
take place in case of other types of biomass [134, 135]; 

3) The humic matter (HM) present even at small concentration, either in 
oxidized or reduced forms, acts as redox mediator boosting both biological 
and abiotic oxidation of S2– into elementary sulphur and reduction of NO2

– 
and NO3

– into N2 thus amplifying the effect of O2 leakage [62]. About ⅔ of 
organics present in reject water expressed as total organic carbon (TOC) was 
constituted of HM. The effect of HM on both SRAO and conventional 
anammox was shown in batch tests. HM and it’s low-molecular quinoid 
analogues can serve as terminal electron acceptors during the anaerobic 
oxidation of wide range of organic compounds, including organic acids, 
phenols and toluene [136–139] and inorganic species such as HS– [140], 
S2O3

2– and Fe2+ [141]). The oxidation products are S0 or polysulfides, SO4
2–, 

and Fe3+, respectively. On the other hand, reduced HM serve as electron 
donors for the anaerobic reduction. NO2

–, NO3
–, N2O are reduced into N2 and 

ClO4
– into Cl– [136, 142, 143]. Whether HM mediates the anammox process 

 
Higher substrate concentrations and low ORP were shown to be favourable for 
the SRAO process. Yuan Y et al [55] reported a new pathway for the SRAO 
process where N2 was formed as a product. The authors concluded that the 
NHX-N to SO4

2–-S ratio had little effect on the overall conversion efficiency of 
NHX-N, while lower NHX-N to SO4

2–-S ratio lead to higher SO4
2–-S conversion 

rate. At higher NHX-N to SO4
2–-S ratio a higher fraction of NHX-N was 

converted into N2 and less NO3
– formed, while lower NHX-N to SO4

2–-S ratio 
promoted NO3

– accumulation (the latter result was not mentioned in earlier 
studies). A simultaneous oxidation of NHX-N to N2 and NO3

– also explains a 
drop in pH observed by Yuan Y et al [55]: 
 
 4 SO4

2– + 3 NH4
+ + 2 HCO3

– → 4 S + 3 NO3
– + 2H2O + 2CO2 (37) 

 

or can HM itself be an alternative electron acceptor for anammox bacteria, is 
needed to be studied further. 

 (36) 
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4.1.3. Microorganisms involved in SRAO 

The phylogenetic neighbour-joining trees of some key organisms detected in the 
inoculum of SRAO reactors, reflecting the relationships between identified 
sequences, are shown in Fig 7 and Fig 8. Numbers at the nodes are percentages of 
bootstrap values. Branch lengths correspond to sequence differences as indicated 
by the scale bar.  

In the seeding biocarriers for the MBBR, Candidatus Nitrospira defluvii (Gen 
Bank: EU559167) and the following uncultured microorganisms were detected 
(presented in paper I, see Fig 7): Planctomycetales bacterium clone P4 
(GenBank: DQ304521.2), Nitrospira sp. clone 53 (Gene Bank: HQ424565), 
Nitrospira sp. clone S1-62 (GenBank ID: HQ674926.1), Bacteroidetes bacterium 
clone VC5 (genus Ferruginibacter, Gen Bank: AY211071), Chloroflexi 
bacterium clone QEDQ2AB09 (GenBank CU923588.1), and bacterium clone: 
13C-M6 (family Saprospiraceae, GenBank AB205722). In addition, uncultured 
anaerobic ammonium-oxidizing bacterium clone W1 (Genbank: HQ906639.1) 
was found (not shown in Figure 7). 

In the seeding sludge of UASBR, the following uncultured microorganisms 
were found (papers I and II, Fig 8): Verrucomicrobiales bacterium clone ATB-
KS-1929 (GenBank: EF686989) and clone De2102 (GenBank: HQ183974) 
unclassified Planctomycetaceae bacterium JJB347 [21] (GenBank: GQ143799) 
and compost bacterium isolate 10b (GenBank: AY489036), unclassified Por-
phyromonadaceae bacterium clone Dok23 (GenBank: FJ710742), and un-
classified Cryomorphaceae bacterium clone LCFA-B01 (GenBank: AB244308). 
Also found in the sludge of wastewater treatment facility of Salutaguse yeast 
factory, but not shown in Fig 8 was Carnobacterium maltaromaticum (strain 
IUET-ME1, GenBank: MF503245.1). Differently from other similar biological 
wastewater treatment schemes applied for treatment of wastewater from yeast 
industry, residual sludge from the anoxic stage was returned to the beginning of 
the process scheme (mixing tank). Thus retaining of anammox microorganisms 
in the system was facilitated with recirculation of sludge. The returned anoxic 
sludge retained also methanogenic activity as reported by Zub S et al [144]. 
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Figure 7. 16S rDNA phylogenetic tree of some key microorganisms detected in the 
inocula of the MBBR 

 
Figure 8. 16S rDNA phylogenetic tree of some key microorganisms detected in the 
inocula of the UASBR 
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4.2. Start-up of pilot plant 

4.2.1. Overview of operation of the pilot plant 

The main characteristics of operational units in pilot study (DeamMBBR, 
DeamSBR and AnamSBR) are shown in Tab 3. The operation of the pilot plant 
can be divided into 3 periods, designated as period I (initial start-up without pH 
adjustment), period II (start-up after pH adjustment) and period III (operation 
after start-up period). 

The concentrations of ammoniacal and carbonaceous species ((NH3)W ⇌ 
NH4

+ and (CO2)W ⇌ HCO3
– ⇌ CO3

2–) are determined by equilibrium processes. 
In an anaerobic digester, where biogas in which about 1/3 of content is CO2, is 
in contact with liquid phase, the optimum pH for methane production is close to 
neutral [145]. The pH in an anaerobic digester is affected by multiple factors, 
including the equilibrium process (CO2)G ⇌ (CO2)W. During dewatering of 
digested sludge by centrifugation, (CO2)W becomes into contact with ambient 
air and degassing of CO2 from liquid phase occurs, which results in the pH of 
reject water 7.9÷8.3 (paper III), higher than 7.0÷7.5, which is the optimal pH 
range for deammonification [47]. The pH value of around 8 shifts the equi-
librium of the process NH4

+ ⇌ NH3 + H+ towards the formation of FA. Increased 
FA concentration (exceeding 8÷10 mg NH3-N·L–1) acted as an inhibitor for 
anammox bacteria, thus, pH adjustment was required (paper III). 
 

  

During period I, the development of autotrophic microbial consortia removing 
dissolved nitrogenous forms was delayed. The conditions turned out to be 
unfavourable for propagation of functional bacteria, most probably due to FA 
inhibition. This demonstrates the urgency for the development of an accurate 
technique to evaluate the FA concentration in reject water containing up to 
1 g·L–1 NHX-N. Since an accurate model for calculation of FA in the complex 
wastewater with high-ammonia content has still not been developed, the 
Anthoniesen’s formula (Eq 17) has been used in this thesis. After imple-
mentation of automatic pH adjustment, autotrophic nitrogen-removing consortia 
were developed in all systems within 4÷6 months (period II). During period III, 
the maximum TNRR of 1.04 kg-N·m–3·d–1 was achieved in the DeamMBBR, 
trice exceeding the TNRR value achieved in the DeamSBR. In the 
AnamMBBR, the maximum TNRR was limited by the volume of the nitritation 
reactor NitriSBR. A detailed overview of the operation of the pilot plant is 
given in paper III.  
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Table 3. Main characteristics of operational units in pilot study 

Operation period DeamMBBR DeamSBR AnamMBBR 

Period I (start-up 
before pH adjustment) 

Days 1-236 Days 1-221 Days 1-236 

Average Max. Average Max. Average Max. 

TNLR, kg-N·m–3·d–1  0.37±0.05 0.48 0.37±0.05 0.48 0.35±0.06 0.44 

TNRR, kg-N·m–3·d–1  0.05±0.04 0.15 0.05±0.04 0.17 0.04±0.03 0.12 

TNRE, %  13±11 38 15±12 45 10±8 40 

Alkalinity, mmol·L–1  36.0±11.5 75.3 36.0±12.3 73.9 44.8±6.4 57.7 

pH  7.80±0.28 8.21 7.78±0.41 8.13 7.80±0.29 8.25 

Estimated FA, mg-N·L–1  30±15 56 24±9 39 37±19 69 

NO3
–-Nformed / TNremoved 0.023 0.020 close to 0 

Period II (start-up, 
after pH adjustment) 

Days 237-377 Days 222-410 Days 237-426 

Average Max. Average Max. Average Max. 

TNLR, kg-N·m–3·d–1 0.15±0.05 0.28  0.19 ±0.05 0.08  0.10 ±0.03 0.15 

TNRR, kg-N·m–3·d–1 0.04±0.02 0.06  0.03 ±0.02 0.10  0.03 ±0.01 0.05 

TNRE, % 24±11 43  20 ±12 42  28 ±10 47 

Alkalinity, mmol·L–1 21.6±11.9 42.3  17.1 ±9.8 41.6  20.7 ±7.6 35.0 

pH 7.06±0.23 7.41  7.22 ±0.41 8.30  7.25 ±0.35 7.99 

Estimated FA, mg-N·L–1 6±6 24  6 ±3 16  6 ±4 16 

NO3
–-Nformed / TNremoved 0.044 0,013 0.006 

Period III (operation 
after start-up period) 

Days 378-720 Days 411-700 Days 427-720 

Average Max. Average Max. Average Max. 

TNLR, kg-N·m–3·d–1  0.43 ±0.37 1.11  0.18 ±0.11 0.48  0.06 ±0.02 0.11 

TNRR, kg-N·m–3·d–1  0.38 ±0.34 1.04  0.13 ±0.07 0.30  0.04 ±0.01 0.06 

TNRE, %  82 ±15 98  73 ±14 95  72 ±24 99 

Alkalinity, mmol·L–1  6.1 ±3.5 21.6  5.0 ±4.8 27  13.6 ±10.9 36.8 

pH  6.97 ±0.36 7.45  7.17 ±0.31 7.94  7.91 ±0.36 8.62 

Estimated FA, mg-N·L–1  1 ±1 8  1 ±1 7  1 ±1 7 

NO3
–-Nformed / TNremoved 0.124 0.104 0.025 

 
 

4.2.2. Operation of DeamMBBR 

During period I, the average TNRE and TNRR were low. The average pH value 
of 7.80±0.28 and the NO3

–-Nformed / TNremoved ratio of 0.002 showed that NH3 
stripping played the main role in TN removal. Denitrification, using dissolved 
COD, contributed 10÷30% of total nitrogen removal as the average removal 
efficiency of dissolved COD was 17%. The propagation of deammonifying 
biomass was inhibited and it was assumed that FA inhibition was the primary 
reason as the estimated FA concentration exceeded 10 mg-N·L–1 (Tab 3). 
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During period II, the alkalinity was decreased almost twice from 
36.0 mmol·L–1 to 21.4 mmol·L–1. The pH was decreased to a nearly neutral 
value, resulting in a curtailed stripping of ammonia. A slight increase in TNRE 
was achieved, compared to period II. Denitrification using soluble COD 
contributed less than 10% of total nitrogen removal (average COD removal was 
27%), indicating emerging anammox process. Yet, denitrification significantly 
affected the NO3

–-Nformed / TNremoved ratio, as well as efficient suppression of 
NOB. Nitrite level was transiently increased during this period (Fig 10) 
probably due to discrepancy in the growth rates of AOBs and anammox 
bacteria. The excessive nitritation was suppressed by changing set-points of DO 
concentration and by variation of the length of anoxic period. The estimated FA 
was decreased 5-fold compared to the previous period. Since day 377, the 
TNRE exceeded 50% and a slight accumulation of NO3

–-N was observed, 
denoting conclusion of the start-up process. By the end of the period III, a 13-fold 
increase in TNRR was achieved, from 0.08 to 1.04 kg-N·m–3·d–1. This was 
nearly twice as high as the TNRR achieved in a MBBR by Mehrdad M et al 
(0.4÷0.6 kg-N·m–3·d–1) [8]. Denitrification, using soluble COD, was estimated 
to contribute less than 10% of total nitrogen removal, with average COD 
removal of 31%.  

In the first half of the period III, however, there was a short period of 
increased NOB activity and the effluent NO3

–-N reached up to 200 mg·L–1. In 
order to facilitate the growth of anammox bacteria, longer hydraulic retention 
time (HRT) values were applied in the beginning of the period III, which, 
however, resulted in an accumulation of suspended biomass. This, in turn, 
combined with decreased alkalinity (4÷11 mmol·L–1) and FA (<1 mgNH3-N·L–1), 
unintentionally led to prodigious growth of NOB. Earlier bench-scale studies 
[22, 146] showed that suspended biomass in a deammonifying MBBR increases 
nitritating and nitrifying activity, but not anammox activity. The NOB activity 
was suppressed by DO control and shortening of HRT. Lower DO set point 
values resulted in DO peak concentrations below 1.5 mg-O2·L

–1. The higher 
NO3

–-Nformed / TNremoved ratio reflected both intensified anammox activity and 
activity of NOB. The FA concentration was around 1 mg-N·L–1, below inhibition 
threshold for any of main autotrophic bacterial groups oxidizing nitrogen 
compounds (anammox bacteria, AOB and NOB).  

Time courses of TNLR, TNRR and TNRE in DeamMBBR are given in 
Fig 9. Time courses for the effluent parameters of DeamMBBR are given in 
Fig 10. The figures show an increase in TNRE after day 377, short period of 
nitrate accumulation before day 500 and rapid increase in nitrogen removal 
afterwards. 
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Figure 9. Time cources of TNLR, TNRR and TNRE in DeamMBBR 
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Figure 10. Time courses of TN, NH4
+, NO2

– and NO3
– in the effluent of DeamMBBR 
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4.2.3. Operation of DeamSBR 

The performance of DeamSBR was similar to DeamMBBR during period I and 
the main operation parameters showed similar values (Tab 3). As in 
DeamMBBR, propagation of deammonifying biomass was inhibited and NH3 
stripping was assumed to play the main role in TN removal. Similarly to the 
DeamMBBR, denitrification was estimated to contribute 10–30% of total 
nitrogen removal, with a COD removal of 13%, and it was limited by low NO3

–-N 
(as in the DeamMBBR, at <10 mg-N·L–1). 

During period II, pH, alkalinity and FA decreased similarly with 
DeamMBBR. Accumulation of NO2

–-N over a period of approximately 200 days 
was observed with concentrations of NO2

–-N reaching up to 120 mg-N·L–1 (Fig 12) 
and FNA up to 21·μg-HNO2-N·L–1. No accumulation of NO3

–-N occurred. 
Denitrification was estimated to contribute less than 10% of TN removal, with 
an average COD removal of 19%. Closer to neutral pH value curtailed the NH3 
stripping (the average ratio of NO3

–-Nformed / TNremoved was 0.013). Despite a pH 
shock on day 304, when HCl was accidentally released into the reactor and pH 
dropped to 2, the TN removal recovered within two months (Fig 11). By day 411, 
a TNRE of 50% was achieved (TNRR=0.04 kg-N·m–3·d–1) indicating the end of 
start-up period. 

 

3 0 0 4 0 0 5 0 0 6 0 0 7 0 0 8 0 0

0

2 0

4 0

6 0

8 0

1 0 0  T N R E

T
N

R
E

 (
%

)

D a y s

3 0 0 4 0 0 5 0 0 6 0 0 7 0 0 8 0 0
0 .0

0 .2

0 .4

0 .6  T N L R
 T N R R

T
N

LR
 a

n
d 

T
N

R
R

 (
kg

-N
·m

-3
·d

-1
)

D a y s

 

Figure 11. Time cources of TNLR, TNRR and TNRE in DeamSBR 
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Figure 12. Time cources of TN, NH4
+, NO2

– and NO3
– in the effluent of DeamSBR 

 
Although the highest TNRE values exceeded 90% in period III, the reactor’s 
performance was less stable compared to DeamMBBR and the maximum 
TNRR was about ⅓ of the value achieved in DeamMBBR. The instability was 
related both to wash-out of sludge around day 520 and prodigious growth of 
NOB by the end of the period, when denitrification using dissolved organics 
increased to over 10% of TN removal. The aeration control strategy was the 
same for both reactors, but it turned out to be less efficient in DeamSBR. Even 
lower bicarbonate alkalinity than in the DeamMBBR might have facilitated 
NOB activity and ensuing accumulation of nitrate. 
 
 

4.2.4. Operation of NitriSBR 

The performance of NitriSBR was unstable for the first 220 days of operation, 
when sludge retention time (SRT) equaled HRT (1÷2 days). The nitritation 
process was repeatedly disrupted by “shock loads” of solids (over 1000 mg·L–1) 
in the influent. Application of SRT control strategy since day 263 resulted in the 
stable and efficient performance of the NitriSBR after 300 days of operation. 

The NO2
–-N to (NHX-N + NO2

–-N) ratio shows a very efficient selection of 
AOB over NOB. The NO2

–-N to (NO2
–-N + NO3

–-N) ratio was in a nearly 
optimal range for the subsequent anammox process in accordance with Eq 2. 
The main parameters of the steady-state operation of the NitriSBR are listed in 
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Tab 4. The NHX-N to alkalinity ratio of the reject water fed into the NitriSBR 
was 0.87±0.06, almost equal to 0.88, reported as the optimum value by Ganigué 
R et al [147]. 

 
Table 4. Operational parameters of NitriSBR 

Parameter Unit Average (±SD) 

NHX-N mgN·L–1  308 ±61 

NO2
–-N mgN·L–1  396 ±64 

NO3
–-N mgN·L–1  10 ±5 

TNLR kgN·m–3·d–1  0.67 ±0.13 

NO2
–-N production rate kgN·m–3·d–1  0.35 ±0.08 

NO2
–-N to (NHX-N + NO2

–-N) ratio mol·mol–1  0.56 ±0.03 

NO2
–-N to (NO2

–-N + NO3
–-N) ratio mol·mol–1  0.97 ±0.01 

Alkalinity mmol·L–1  4.40 ±1.62 

 
 

4.2.5. Operation of AnamMBBR 

During period I, the performance of AnamMBBR was perturbed by both FA 
concentrations exceeding 30 g-N m–3 and unstable operation of NitriSBR that 
inhibited the propagation of anammox bacteria. Thus, TN removal was negligible. 

By period II, the operation of NitriSBR was stabilised and FA control by pH 
adjustment resulted in estimated FA concentration below 10 g-N·m–3. The 
discrepancy between removal of NHX-N and NO2

–-N, 8% vs > 80%, showed 
that denitritation using both soluble and suspended organic matter was the main 
pathway of TN removal. The removal of soluble COD was below 50%. Due to 
lack of aeration, stripping of NH3 was insignificant compared to other reactors. 

In period III, the TNRE exceeded 50% on day 429. By day 450, also NHX-N 
removal exceeded 50%, indicating that the anammox process had become the 
main N-removal pathway. The emergent biofilm was, however, vulnerable to 
pH increase (up to 8.6) owing to heterotrophic denitrification after the pH 
control using HCl was discontinued. Decreased alkalinity (4÷7 mmol·L–1) 
resulted in a reduced buffering capacity contributing to the pH increase. An 
accumulation of NO2

–-N occurred and inhibition of the biofilm anammox 
activity ensued. However, even during process perturbations of the concent-
ration of FNA did not exceed 7 μg-HNO2-N·L–1, indicating a mechanism of 
inhibition to anammox bacteria other than HNO2. The possible cause might be 
inhibition by NO2

– ions or pH>8. Concentrations exceeding 7 μg-HNO2-N·L–1 

were reported as short-term inhibitory to anammox bacteria [86]. Mixed 
influent with pH control was temporarily resumed (figures 13 and 14) and in the 
second half of period III a stable removal of both TN and NHX-N over 80% was 
achieved. Due to limited volume of nitritation reactor, achieved TNLR and 
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TNRR remained below 0.1 kg-N·m–3·d–1. Denitrification was estimated to 
contribute to less than 20% of TN removal in the final stage of period III, but 
still most of NO3

– produced by anammox bacteria was consumed. 
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 Figure 13. Time courses of TNLR, TNRR and TNRE in AnamMBBR  
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Figure 14. Time courses of TN, NH4

+, NO2
– and NO3

– in the effluent of AnamMBBR 
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4.2.6. Quantitative analysis of 16S rRNA gene of anammox bacteria 

The copy numbers of 16S rRNA gene of anammox bacteria per gram of total 
suspended solids (copies·g-TSS–1) are given in Fig 15. In the DeamMBBR 
between days 318÷528, the number of 16S rRNA gene copies increased more 
than 500-fold, resulting in a 5-fold increase in TNRR. Between days 528÷681, 
the number of anammox gene copies decreased despite an increase in TNRR 
from 0.25÷0.86 kg-N·m–3·d–1 (Fig 15). In the AnamMBBR and DeamMBBR 
the number of gene copies was comparable on day 318. By day 528, a 129-fold 
increase in abundance of anammox 16S rRNA gene copies was observed in the 
DeamMBBR. During this period, TNRR remained relatively stable while TNRE 
increased from 30 to 79%. By day 681, however, the number of gene copies had 
decreased again to nearly the same level as on day 318, although TNRR had 
risen to 0.060 kg-N·m–3·d–1 and TNRE was over 90%. In the DeamSBR, the 
mixed liquor suspended solids were 2.30 g·L–1 on day 528 and 2.8 g·L–1 on day 
681; the respective numbers of anammox 16S rRNA gene copies per gram of 
TSS were 3.93×108 and 6.64×106. Before biomass sampling on day 528 there 
had been a period of steady increase in TNLR, TNRR and TNRE (Fig 9).  

Thus, there was no clear correlation between anammox 16S rRNA gene 
copy numbers, TNRR and TNRE. 

 

Figure 15. 16S rRNA gene copy numbers of anammox bacteria per gram of total 
suspended solids (copies·g-TSS–1) during different periods of reactor operation. Error 
bars represent the standard deviation between three parallel qPCR tests 
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4.2.7. Implications for full-scale applications 

Autotrophic nitrogen removal was successfully started-up in all three systems. 
In our earlier studies, various configurations, including SBR, one- and two-
staged MBBR and upflow anaerobic sludge blanket reactor, have been started-
up in bench-scale without anammox-specific inoculum [3, 16–23], indicating 
that many different configurations are applicable. Kanders L et al have shown in 
bench-scale that start-up of deammonification MBBRs can be done within a 
similar timeframe with or without seeding sludge, concluding that provision of 
the appropriate boundary conditions for anammox growth is most important 
factor [76]. Our studies allow us to extend this conclusion to other reactor 
configurations. The critical factors for start-up of a deammonification process in 
any scale, including full-scale applications, include: 
1) FA control during the initial start-up stage maintaining the estimated FA 

below 10 mg-NH3-N·L–1 is essential when start-up is performed with 
undiluted reject water. Inhibition by FA in reject water can be curtailed 
either by dilution with a low-nitrogen wastewater stream [8, 76] or by using 
pH adjustment as long as the microbial consortium is able to maintain the 
appropriate pH homeostatically (shown in the current thesis). 

2) Fine-tuned aeration with a fast feedback and response should be applied in 
order to prevent both NO2

–-N inhibition of anammox process (at levels 
exceeding 40 mg-NO2

–-N·L–1) and accumulation of NO3
–-N.  

3) There should be an efficient control of suspended solid matter in the 
influent. 
 
 

4.3. Modelling of carbonaceous equilibria 

4.3.1. Modelling of open system (CO2)G–H2O–(CO2)W–(CaCO3)S 

The model is based on a structural scheme depicted in the Fig 16, showing the 
equilibrium distribution of carbonaceous species (ions and molecules) in the 
liquid phase. The novelty and importance of the given approach lays in a 
detailed interpretation of chemical processes taking place in an open ternary 
heterogeneous system (CO2)G–H2O–(CO2)W–(CaCO3)S as acid-base equilibria 
where H+ ions play a central role in the evolution of the system to equilibrium 
and form a link that interconnects all equilibria in the system. The modelling of 
equilibrium in system (CO2)G–H2O–(CO2)W–(CaCO3)S is performed on 
assumption that the liquid phase (water) is in contact with gas (air) and solid 
phase (CaCO3). The rates of mass transfer in gas-liquid and solid-liquid 
interfaces must be sufficient in both ways to assure equilibrium conditions in 
the whole ternary system.  
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Figure 16. Structural scheme of the equilibrial distribution of ions and molecules in the 
ternary heterogeneous system (CO2)G–H2O–(CO2)W–(CaCO3)S. In this scheme, kH is 
Henry’s constant—the distribution ratio of CO2 between water and the gaseous phase; 
Kh is the coefficient of the equilibrium reaction of (CO2)W + H2O ⇌ H2CO3;  is the 

acid dissociation constant of H2CO3; Ka2 is the acid dissociation constant of HCO3
–; KSP 

is the solubility product of CaCO3; KW is the ion-product constant of water. 
 
In addition to temperature, the equilibrium concentration of the species in the 
carbonic system is influenced by ionic strength. An increase in ionic strength 
reduces the activity of species. Consequently, for more concentrated solutions, 
the equilibrium equations are correct if expressed in terms of activity concent-
rations [105]. In current thesis, the ionic strength is neglected while in diluted 
solutions activity and concentration of species could be counted equal. 

There are two main equilibrium processes in this system. The reaction 
between (CO2)W and H2O produces H2CO3 that dissociates, releasing H+ and 
HCO3

– ions. On the other hand, the dissolution of CaCO3 produces CO3
2– and 

Ca2+ ions. The CO3
2– ions will take up H+ ions and form HCO3

– ions, leading to 
a decrease in the concentration of protons. These two concurrent processes 
produce a new equilibrium. The final pH of the equilibrium system depends on 
the concentration of dissolved CO2. The reaction (CO2)W + H2O ⇌ H2CO3 is 
slower than processes involving proton capture or release in liquid phase [148]. 

At equilibrium state, concentrations of all ions and molecules in liquid phase 
can be calculated on basis of following equations: 

 

 
G2

W2
H )P(CO

][CO
k = =3.39×10–2 mol·L–1·atm–1 [149] (38) 

 

/
1aK
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]COH[

]HCO[]H[
K

32

3/
1a

−+ ×
=  = 1.72×10–4 mol·L–1 [150] (39) 

 

 
]HCO[

]CO[]H[
K

3

2
3

2a −

−+ ×= = 4.70×10–11 mol·L–1 [150] (40) 

 
 ]CO[]Ca[K 2

3
2

SP
−+ ×= ≅ 2.80×10–9 (mol·L–1)2 [151] (41) 

 

 ]OH[]H[K W
−+ ×= = 1.01×10–14 (mol·L–1)2 [151] (42) 

 
The charge balance is expressed as follows:  
 
 ][OH][HCO]2[CO][H]2[Ca 3

2
3

2 −−−++ ++=+  (43) 

 
Concentrations of dissolved species is given as function of [CO2]W: 
 
 ( ) W23

2
3

2 ]CO[f]OH[],H[],HCO[],CO[],Ca[ =−+−−+  (44) 

 
The characterization of the equilibrium distribution of ions and molecules in the 
liquid phase is given on the basis of six explicit equations given above (38)–
(43) containing six variables, concentrations of Ca2+, CO3

2–, HCO3
–, H+, OH– 

and H2CO3. The equilibrium concentration of (CO2)W at a given partial pressure 
of CO2 in the gaseous phase P(CO2)G is calculated using Eq 38 and the value of 
Henry’s constant (kH). 

It is difficult to distinguish between unionized species H2CO3 and (CO2)W by 
common analytical procedures such as acid-base titration. Therefore, the 
concentration H2CO3 and (CO2)W is often summed up and the first pseudo-acid 
ionization constant Ka1 is expressed as a product of two constants Kh (defined by 
Eq 50, chapter 4.3.3) and /

1aK , allowing to omit the concentration of H2CO3 
from the calculations [152]. Also, in this thesis, the constant Ka1 is used in order 
to decrease the number of unknowns. Ka1 can be expressed as following: 

 

 
W2

3/
1ah1a ]CO[

]HCO[]H[
KKK

−+ ×=×= = (4.37 ± 0.07) ×10–7 mol·L–1 (45) 

 
The constant Ka1 has a much smaller value (Ka1 = (4.30÷4.44)×10–7 mol·L–1) 
than the true acid dissociation constant /

1aK  for H2CO3 (Eq 39). For p /
1aK , a 

range of values between 3.35÷3.80 have been reported, which makes the acidity 
of H2CO3 comparable to that of methanoic acid (HCOOH) [153]. Only less than 
0.3% of total dissolved CO2 (CO2 in water + H2CO3), is present in the form of 
carbonic acid, while the rest is in the form of free dissolved carbon dioxide 
[105, 149, 152, 154–155]. 
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For calculation of unknowns, the terms [HCO3
–], [Ca2+], [OH–] and [CO3

2–] 
were eliminated from the charge balance (Eq 43) by using equations (40)–(42) 
and (45). After these substitutions, the charge balance is converted into a form 
suitable for iterative solution. Eventually, the following expression is obtained 
(paper IV), which allows accurate calculations in a pH range up to 12: 
 

 3
2

W
2a

W21a
SP

W22a1a ]H[K1
]H[

K
2]CO[K

K2

]CO[KK
]H[













−+







+××××

×
××= +

+
+  (46) 

 
In practice, simplified solutions are sometimes used. Simplification, with the 
aim to eliminate some terms, is justified on the ground that such elimination 
does not produce any significant error [156]. A simplified method for the pH 
range 6÷9 has been presented in paper IV. This method is also compared with 
the method developed in this thesis. 

The calculation of the pH and equilibrial [Ca2+], [CO3
2–] and [HCO3

–] is 
performed on the basis of the values for the equilibrium concentration of 
protons found by using an iterative method based on Eq 46. In the iteration 
series, different certain values of [CO2]W are used in the range 2.74×10–11 ÷ 
8.02×10–1 mmol·L–1. Results of calculations are presented in Tab 5.  

The [HCO3
–] and pH have a monotonous dependence on the [CO2]W. At the 

value of [CO2]W 2.35×10–5 mmol·L–1 (correspondingly, P(CO2)G=0.692 ppm), 
the solubility of CaCO3 passes through a minimum ([Ca2+]min ≅ 10–1 mmol·L–1) 
and [CO3

2–] reaches a peak value ([CO3
2–]max ≅ 2.71×10–2 mmol·L–1). In the 

range of [CO2]W (2.35×10–5÷2.74×10–11) mmol·L–1, the solubility of CaCO3 
consistently increases. This increase occurs due to the decrease in the 
concentration of CO3

2– from 2.71×10–2 mmol·L–1 to 5.54×10–3 mmol·L–1, which 
is compensated by an increase in concentration of Ca2+ ions, satisfying 
conditions of the equation of the solubility product of CaCO3 (KSP) (Tab 5). The 
decrease in the concentration of CO3

2– ions, in turn, occurs along with the 
decrease in the concentrations of all carbonaceous ions and molecules in the 
water phase. The CO3

2– and HCO3
– ions bind protons, maintaining the 

equilibrium of [CO2]W with the gas phase over a small equilibrium amount of 
H2CO3. These protons originate from the dissociation of water. Decrease in 
protons’ concentration due to uptake by CO3

2– and HCO3
– ions is compensated 

by an increase in concentration of OH– ions, maintaining a constant KW value 
and leading to a rise in pH. 
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Table 5. Equilibrial [CO2]W, [HCO3
–], [CO3

2–], ∑[COX]W, [Ca2+] and pH in the liquid 
phase and P(CO2)G in the gas phase of the system (CO2)G–H2O–(CO2)W–(CaCO3)S at 
t=25 ºC. Boldface designates extremal values of Ca2+ and CO3

2– corresponding to 
[CO2]W  ≅ 2.35×10–5 mmol·L–1. ∑[COX]W shows summarised concentration of all 
dissolved carbonaceous species: [CO2]W, [H2CO3], [HCO3

–] and [CO3
2–]. 

[CO2]W, 
mmol·L–1 

P(CO2)G, 
ppm 

[HCO3
–], 

mmol·L–1 
[CO3

2–], 
mmol·L–1 

∑[COx]W 
mmol·L–1 

[Ca2+] 
mmol·L–1 

pH 

2.74×10–11 
8.66×10–10 
1.00×10–8 
1.00×10–7 
1.00×10–6 
1.00×10–5 
2.35×10–5 
1.00×10–4 
1.00×10–3 
3.00×10–3 
1.00×10–2 
1.32×10–2 

3.00×10–2 
1.00×10–1 
8.02×10–1 

8.08×10–7 
2.55×10–5 
2.95×10–4 
2.95×10–3 
2.95×10–2 
2.95×10–1 
6.92×10–1 
2.95×100 
2.95×101 
8.85×101 
2.95×102 
3.90×102 
8.85×102 
2.95×103 
2.37×10 

1.18×10–5 
1.18×10–4 
6.01×10–4 
2.77×10–3 
1.24×10–2 
4.88×10–2 
7.63×10–2 
1.49×10–1 
3.60×10–1 
5.28×10–1 
7.95×10–1 
8.74×10–1 

1.15 
1.72 
3.45 

5.54×10–3 
1.75×10–3 
3.94×10–3 
8.37×10–3 
1.67×10–2 
2.60×10–2 
2.71×10–2 
2.42×10–2 
1.41×10–2 
1.01×10–2 
6.91×10–3 
6.31×10–3 
4.82×10–3 
3.24×10–3 
1.62×10–3 

5.66×10–4 
1.87×10–3 
4.55×10–3 
1.11×10–2 
2.90×10–2 
7.48×10–2 
1.03×10–1 
1.73×10–1 
3.75×10–1 
5.41×10–1 
8.12×10–1 
8.93×10–1 

1.19 
1.82 

4.25 

5.05 
1.60 
0.71 
0.33 
0.17 
0.11 
0.10 
0.12 
0.20 
0.28 
0.41 
0.44 
0.58 
0.86 
1.73 

12.00 
11.50 
11.15 
10.81 
10.46 
10.06 
9.88 
9.54 
8.92 
8.61 
8.27 
8.19 
7.95 
7.60 
7.00 

 
At the value [CO2]W = 1.32×10–2 mmol·L–1 (P(CO2)G = 390 ppm) the total 
equilibrium concentration of calcium ions was approximately twice the sum of 
all carbonaceous species: 
 
 ]Ca[2]CO[ 2

WX
+×≈  (47)

 
 
Thus, the transfer of CO2 from the gas phase accounts for nearly half the 
amount of carbonaceous ions and molecules in the liquid phase, with the other 
half of the carbonaceous species resulting from the transfer of CO3

2– from the 
solid to the liquid phase. The increased solubility of CaCO3 in the range of 
[CO2]W ≅2.35×10–5÷8.02×10–1 mmol·L–1 is driven by mass transfer of CO2 from 
gas phase to liquid phase, dominating over CO2 mass transfer in the opposite 
direction. At the value of [CO2]W=2.35×10–5 mmol·L–1 (P(CO2)G = 0.692 ppm), 
the total equilibrium concentration of carbonaceous species in the liquid phase 
becomes nearly equal to the concentration of Ca2+ ions (Fig 17): 
 
 ]Ca[]CO[ 2

WX
+≅  (48) 

 
 0]Ca[]CO[]CO[ 2

WXW2 ≅−=Δ +  (49) 

 
In Eq 49, the term ∆[CO2]W indicates the amount of CO2 transferred from the 
gas to the liquid phase per unit volume of the liquid. Consequently, there is no 
net transfer of CO2 from the gas phase, which corresponds to the case of 
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equilibrium in a closed system without the gas phase. If P(CO2)G < 0.692 ppm 
and [CO2]W < 2.35×10–5 mmol·L–1, escape of CO2 from liquid phase to gas 
phase predominates over absorption of CO2 from gas phase to liquid phase and 
the increased solubility of CaCO3 is consequently driven by mass transfer of 
CO2 from liquid phase to gas phase. Instead of interfacial transport, (CO2)W may 
be consumed in situ in the liquid phase (water), e. g. by growing algae. 
 
 

4.3.2. Model-predicted vs experimental data in the open system 

The model allows to calculate pH values and concentrations of all ions and 
molecules over a wide range of pH at any equilibrium concentration of 
dissolved CO2.The experimental results are shown in Tab 6 and Fig 17. In order 
to evaluate statistical similarity of data from the experiments and theoretical 
model, p-values of two-way t-test for both data sets were calculated (α=0.05). 
 
Table 6. Experimentally measured and model-calculated values for pH and con-
centrations of Ca2+, with p-values of two-way t-test 

Composition 
of gas 
atmosphere 

[Ca2+] 
measured, 
(mmol·L–1) 

[Ca2+] 
calculated 
(mmol·L–1) 

p-value, 
[Ca2+] 

 

pH value 
measured 

pH value 
calculated 

p-value, 
pH 

A.  0.421±0.005 0.444 0.24 8.09±0.03 8.19 0.26 

B.  0.113±0.012 <0.108 0.80 9.83±0.03 9.67 0.62 

C.  0.100±0.016 0.104 0.84 10.02±0.03 9.88 0.24 

D.  0.120±0.007 <0.126 0.52 10.06±0.03 10.25 0.23 

E.  0.145±0.009 Not calculated  10.24±0.03 Not calculated  

 
The letters A, B, C, D, and E represent the following compositions of gas phase:  
A – ambient air, P(CO2)G=390 ppm;  
B – Ar of 99.999% purity, P(CO2)G<1.7 ppm;  
C – Ar of 99.9999% purity, with added CO2, P(CO2)G=0.836 ppm;  
D – Ar of 99.9999% purity, P(CO2)<0.1 ppm; 
E – Ar of 99.999% purity, additionally purified by purging through 5.0 M NaOH.  
 
The experimental data for [Ca2+], in accordance with the theoretical model, 
showed a minimum value of [Ca2+] at P(CO2)G = 0.836 ppm and 
[CO2]W = 2.82×10–5 mmol·L–1, thus providing evidence in favour of the efficacy 
of the theoretical model developed in this study. The statistical similarity 
between experimental data and calculated data obtained by the theoretical 
model was shown by the two-way t-test (Tab 6). 

A graphical expression of the dependence of pH and the solubility of CaCO3 
on the [CO2]W is presented in Fig 17. 
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According to the literature, the aqueous solutions of Ca2+ may also contain 
complexated cationic and neutral species such like ion pairs CaOH+, CaHCO3

+ 
and CaCO3

0 [113, 157–158]. There is little evidence supporting the formation of 
higher order complexes in CaCO3 solutions [157]. The concentration of the 
Ca(OH)+ under experimental conditions of this study (pH<10) is inappreciably 
low, allowing the occurrence of CaOH+ to be neglected. Under standard 
laboratory conditions (temperature 25 ºC and atmospheric pressure 100 kPa), 
most of calcium in solution is in the non-complexated Ca2+ form [113]. At the 
lower (close to atmospheric) CO2 partial pressure, Ca2+ is by far the most 
abundant calcium-containing species at pH<9 [103]. Although CaHCO3

+ forms 
a substantial fraction of total dissolved Ca2+ at the partial pressure of 
[CO2]G = 106 ppm, the inclusion or exclusion of CaHCO3

+ into calculations 
affects the pH value only by ± 0.01 unit in the system (CO2)G–H2O–(CO2)W–
(CaCO3)S without any other acid or base added [103]. The electrically neutral 
ion pair CaCO3

0 does not influence pH of the stock solution, as no protons are 
taken up or released when ion pairing occurs. CaCO3

0 concentration is 
independent on both pH and [CO2]W, provided solid CaCO3 is in the equilibrium 
with the stock solution [103]. Due to an insignificant effect on the pH of liquid 
phase, CaHCO3

+ and CaCO3
0 were also neglected from calculations. 

Figure 17. Calculated and experimentally determined values [Ca2+] and pH. Experi-
mental data points A-E are specified in Tab 6. P(CO2)G=390 ppm represents ambient air 
and P(CO2)G=0.692 ppm represents the composition of gas phase corresponding to 
situation when net interfacial CO2 transfer between gas and liquid phases is equal to 
zero. 
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4.3.3. Modelling of closed system H2O–(CO2)W–(CaCO3)S 

Initial equilibrium system H2O–(CO2)W 

The modelling of equilibrium in a closed system H2O–(CO2)W–(CaCO3)S is 
performed on an assumption that solid CaCO3 is led into contact with water 
containing dissolved CO2. Thus, the original equilibrium system is defined as 
homogenous system H2O–(CO2)W without CaCO3 where the distribution of 
carbonaceous ions and molecules in the liquid phase is determined by the 
equilibrium constants, as outlined on the structural scheme in Fig 18. 
 

 
Figure 18. Structural scheme of the speciation of ions and molecules in the equilibrium 

system H2O–(CO2)W. Kh is the hydration constant of CO2,  the true acid dissociation 

constant of H2CO3, Ka2 the acid dissociation constant of HCO3
–, and KW the ion-product 

constant of water 
 
The values for [CO2]W0 in the liquid phase were calculated on the basis of Eq 38 
and taken as invariable. The values of the equilibrium constants of /

1aK , Ka2 and 
KW of the system under investigation were given by the equations (39), (40) and 
(42). Kh was expressed as Eq (50): 

 

 
[ ]

0W2

032
h ]CO[

COH
K = = 2.58×10–3 mol·L–1 [155] (50) 

 

 

/
1aK
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The charge balance equation for the initial equilibrium system is expressed as 
Eq (51):  
 

 0030
2
30 ]OH[]HCO[]CO[2]H[ −−−+ ++=  (51) 

 

The set of equations describing the given ternary heterogeneous equilibrium 
system includes five unknowns, which are [H2CO3]0, [HCO3

–]0, [CO3
2–]0, [H

+]0 
and [OH–]0 (subscripted index ‘0’ indicates initial concentration). 

In order to calculate these initial concentrations, it is necessary to solve five 
independent equations (39, 40, 42, 50 and 51) in relation to the predetermined 
[CO2]W0. Selected parameters account for all other parameters in the equilibrium 
system. If water has a pH of ≤7, then [CO3

2–]0 <<[HCO3
–]0 and thus [CO3

2–]0 can 
be eliminated: 

 

 0030 ]OH[]HCO[]H[ −−+ +=  (52) 

 
This assumption further simplifies the calculation procedure. In order to 
calculate the [H+]0, the unknown variables [HCO3

–]0 and [OH–]0 are excluded on 
the basis of equations (39, 40, 42 and 50), and the resulting quadratic equation 
is then converted to the following expression (paper V):  
 

 W0W2h
/
1a0 K]CO[KK]H[ +××≅+  (53) 

 
Calculation of the [H2CO3]0, [HCO3

–]0, [CO3
2–]0 and pH is performed on the 

basis of the values of [H+]0, calculated from Eq 53. Different certain values of 
[CO2]W0 ranging from 3.39×10–7÷33.9 mmol·L–1 are used in the iterative series. 
The summarized initial concentrations of all carbonaceous ions and molecules 
are calculated as follows: 
 
 ∑[COx]W0 ≅ [CO2]W0 + [H2CO3]0 + [HCO3

–]0 + [CO3
2–]0 (54) 

 
Results of the calculations of [H2CO3]0, [HCO3

–]0, [CO3
2–]0, ∑[COX]W0, and pH 

on the basis of [CO2]W0 are presented in Tab 7. 
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Table 7. The initial concentrations of all carbonaceous species and pH in the closed 
system H2O–(CO2)W over the range of [CO2]W0=3.39×10–7÷3.39×101 mmol·L–1 at 
t=25 ºC 

[CO2]W0 
mmol·L–1 

[H2CO3]0 
mmol·L–1 

[HCO3
–]0 

mmol·L–1 
[CO3

2–] 
mmol·L–1 

∑[COx]W0 

mmol·L–1 
[H+]0 

mmol·L–1 
pH0 

3.39×10–7 8.75×10–10 1.54×10–6 7.13×10–10 1.88×10–6 1.01×10–4 6.99 

1.02×10–5 2.62×10–8 3.84×10–5 1.49×10–8 4.86×10–5 1.22×10–4 6.92 

2.37×10–5 6.12×10–8 7.52×10–5 2.44×10–8 9.90×10–5 1.45×10–4 6.84 

3.39×10–5 8.75×10–8 9.72×10–5 2.85×10–8 1.31×10–4 1.60×10–4 6.80 

3.39×10–4 8.75×10–7 3.82×10–4 4.41×10–8 7.22×10–4 4.07×10–4 6.39 

3.05×10–3 7.87×10–6 1.18×10–3 4.67×10–8 4.24×10–3 1.19×10–3 5.93 

1.32×10–2 3.41×10–5 2.46×10–3 4.69×10–8 1.57×10–2 2.47×10–3 5.61 

3.39×10–2 8.75×10–5 3.94×10–3 4.70×10–8 3.79×10–2 3.95×10–3 5.40 

3.39×10–1 8.75×10–4 1.25×10–2 4.70×10–8 3.52×10–1 1.25×10–2 4.90 

2.50 6.46×10–3 3.39×10–2 4.70×10–8 2.54 3.39×10–2 4.47 

3.39 8.75×10–3 3.95×10–2 4.70×10–8 3.44 3.95×10–2 4.40 

1.02×101 2.62×10–2 6.83×10–2 4.70×10–8 1.03×101 6.83×10–2 4.17 

3.39×101 8.75×10–2 1.85×10–1 4.70×10–8 3.41×101 1.25×10–1 3.90 

 
 
Final equilibrium distribution of the ions and molecules CO3

2– , HCO3
–, 

H2CO3, and CO2 after adding solid CaCO3 to the initial closed equilibrium 
system of H2O–(CO2)W0 

To the initial homogenous equilibrium system H2O–[CO2]W0, with a summarized 
concentrations of all carbonaceous ions and molecules ∑[COx]W0, solid CaCO3 
is added, leading to a release Ca2+ ions and an additional amount of CO3

2– ions 
due to the dissolution and dissociation of CaCO3. This results in a change of 
concentrations of all ions and molecules and in a transformation of the initial 
homogenous equilibrium system H2O–(CO2)W0 to a new binary heterogeneous 
equilibrium system H2O–[CO2]W–CaCO3. The ions and molecules in the system 
are quantitatively distributed in accordance with the equilibrium constants as 
shown in Fig 19. 

The values of the equilibrium constants of /
1aK , Ka2, KSP, Kw, and Kh of the 

system under investigation are given by equations (39)–(42) and (50).  
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The electrical neutrality condition for closed system H2O–(CO2)W–(CaCO3)S is 
the same as Eq 43 for the open system described in Chapter 4.3.1: 
 

 ]OH[]HCO[]CO[2]H[]Ca[2 3
2
3

2 −−−++ ++=+   (55) 

 
and the molar balance equation can be expressed as: 
 
 W2332

2
3

2
30WXWX ]CO[]HCO[]COH[]CO[]CO[]CO[]CO[ +++=Δ+Δ= −−− , (56) 

 
where ∆[CO3

2–]=[Ca2+] is equal to the additional amount of CO3
2– ions, which is 

transferred to the system from dissolved CaCO3. 
 
Calculation of the concentrations of [CO2]W, [CO3

2–], [H2CO3], [HCO3
–], [H+ ], 

[OH–], and [Ca2+] in the observed equilibrium system requires solution of a 
system of seven equations (39)–(42), (50), (55) and (56). As in case of the open 
system (CO2)G–H2O–(CO2)W–(CaCO3)S, using composite constant Ka1 defined 
by Eq 43 allows to decrease the number of unknowns, in this case to six. 
 

Figure 19. Structural scheme of the equilibrium distribution of ions and molecules in 
the final closed system of H2O–[CO2]W–(CaCO3)S. Kh is the hydration constant of CO2, 

 the true acid dissociation constant of H2CO3, Ka2 the acid dissociation constant of 

HCO3
–, KW the ion-product constant of water and KSP the solubility product of CaCO3 

/
1aK
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The variables [OH–], [Ca2+], [CO3
2–] and [CO2]W, as in the case of open 

system, can be eliminated in equations (55) and (56) by replacing concentrations 
with their algebraic expressions, using equations (40–42) and (45). Equations 
(55) and (56) are eventually converted into following forms (paper V): 
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[HCO3

–]Z is the concentration of HCO3
–, based on the charge balance (Eq 57) 

and [HCO3
–]M – the concentration of HCO3

–, based on the molar balance 
(Eq 58). As a result we have two equations, (57) and (58), for two unknown 
concentrations of [HCO3

–] and [H+]. At equilibrium state, the next conditions 
must be fulfilled: 
 
 [HCO3

–] = [HCO3
–]Z and [HCO3

–] = [HCO3
–]M. (59) 

 
Now, there is only one unknown parameter, [H+], in the equations (57) and 
(58). The equilibrium values of [HCO3

–] and [H+] are calculated by an iterative 
method, using different values of the [H+] fulfilling the condition of difference 
between [HCO3

–]Z and [HCO3
–]M, ∆[HCO3

–], approaching zero: 
 

 0]HCO[]HCO[]HCO[ Z3M33 →−=Δ −−− . (60) 

 
The calculation of the final equilibrium values of [CO2]W, [Ca2+], [H2CO3], 
∑[COX]W, and pH is performed on the basis of the calculated equilibrium values 
of [HCO3

–] and [H+]. The results of these calculations are presented in Tab 8. 
Using both charge balance and molar balance equations for modelling of 

closed system H2O–(CO2)W–(CaCO3)S has not been referred in the surveyed 
literature [103, 111, 152]. These sources rely on the solution of a set of 
equations for charge balance and equilibrium constants. 

The data in Tab 8 show that at the given range of ∑[COX]W0 from  
1.88×10–6 mmol·L–1 to 3.41×101 mmol·L–1, adding solid CaCO3 causes the 
calculated value for pH to increase up to a maximum value of 9.88.  
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Table 8. Equilibrium values of [CO2]W, [HCO3
–], [CO3

2–], ∑[COX]W0, ∑[COX]W, [Ca2+], 
and pH in the closed system H2O–(CO2)W–(CaCO3)S at t=25oC 

[CO2]W0 

mmol·L–1 
∑[COX]W0 

mmol·L–1 
[Ca2+] 

mmol·L–1 
∑[COX]W 
mmol·L–1 

[CO2]W 
mmol·L–1 

[HCO3
–] 

mmol·L–1 
[CO3

2–] 
mmol·L–1 

pH 

3.39×10–7 

1.02×10–5 

2.37×10–5  
3.39×10–5 
3.39×10–4 
3.05×10–3 
1.32×10–2 
3.39×10–2 
3.39×10–1 
2.50 
3.39 
1.02×101 
3.39×101 

1.88×10–6 
4.86×10–5 

9.90×10–5 
1.31×10–4 
7.22×10–4 
4.24×10–3 
1.57×10–2 
3.79×10–2 
3.52×10–1 
2.54 
3.44 
1.03×101 
3.41×101 

1.03×10–1 
1.03×10–1 
1.03×10–1 
1.03×10–1 
1.03×10–1 
1.03×10–1 
1.04×10–1  
1.09×10–1  
3.56×10–1 
1.76 
2.09 
3.57 

5.78 

1.03×10–1

1.03×10–1 
1.04×10–1 
1.04×10–1 
1.04×10–1 
1.08×10–1 
1.20×10–1 
1.47×10–1 
7.09×10–1 
4.30 
5.53 
1.38×101 
3.99×101 

2.20×10–5 
2.20×10–5 
2.20×10–5 
2.21×10–5 
2.24×10–5 
2.46×10–5 
3.32×10–5 
5.86×10–5 
6.28×10–3 
7.89×10–1  
1.34 
6.67 
2.83×101 

7.63×10–2  
7.63×10–2  
7.64×10–2  
7.64×10–2  
7.70×10–2  
8.06×10–2  
9.32×10–2  
1.21×10–1 
6.95×10–1 
3.51 
4.19 
7.15 
1.16×101 

2.71×10–2 
2.71×10–2 
2.71×10–2 
2.71×10–2 
2.71×10–2 
2.71×10–2 
2.68×10–2 
2.57×10–2 
7.86×10–3 
1.60×10–3 
1.34×10–3 
7.83×10–4  
4.84×10–4 

9.88 
9.88 
9.88 
9.88 
9.87 
9.85 
9.79 
9.65 
8.38 
6.99 
6.83 
6.37 
5.95 

 
In referred source [103], Butler JN calculated the equilibrium pH in a binary 
system H2O–(CaCO3)S without gas phase, based on the charge balance and 
including both ion pairs and activity coefficients. The calculations returned an 
equilibrium pH value of 9.90 and showed that inclusion of ion pairs CaOH+, 
CaHCO3

+ and CaCO3
0 had an insignificant role on outcome. Concentrations of 

ion pairs were low, compared to the principal (most prevalent) species (HCO3
–, 

CO3
2–, Ca2+ and OH–) in the binary closed system, and ion pairs could be 

neglected [103]. 
In order to identify the proton donors and acceptors, the proton transfers 

related to carbonate ions, water, and H2CO3 ( −
+

2
3CO

]Δ[H , OH2
]Δ[H+ , and

32COH]Δ[H + , respectively) are calculated. During the evolution of the system 

H2O–(CO2)W–CaCO3 to an equilibrium, the CO3
2– ions are released when 

CaCO3 dissolves and dissociates; then the CO3
2– ions accept a certain amount of 

protons ( −
+

2
3CO

]Δ[H ), which originate from two sources, either the reversible 

dissociation of water ( OH2
]Δ[H+ ) or H2CO3 (

32COH]Δ[H+ ), formed in the 
reaction between (CO2)W0 and H2O. Thus, the H+ ions carry a central role in the 
evolution of this equilibrium system and form a link between acid–base 
equilibrium processes. The proton transfers are presented in Tab 9. 

The smaller is the [CO2]W0, the fewer protons is produced on the basis of the 
dissociation of H2CO3. Thus, dissociation of water at lower values of [CO2]W0 

produces the main amount of protons, which bind to CO3
2– ions, resulting in an 

increase in [OH–] and a rise in pH, while the value of KW remains constant. The 
maximum value of pH=9.88 is related to the KSP of CaCO3 and the KW as the 
dissociation of H2CO3 can be neglected at small values of [CO2]W0. 
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Table 9. Calculated proton transfers between different species, concentrations of 
[CO2]W0, [Ca2+] and

 
[HCO3

–], and pH in the closed system H2O–(CO2)W–(CaCO3)S at 
t = 25 ºC 

W02][CO  

mmol·L–1 
OH2

]Δ[H+  

mmol·L–1 
32COH]Δ[H+  

mmol·L–1 

−
+

2
3CO

]Δ[H

mmol·L–1 

pH ][Ca2+  

mmol·L–1 
][HCO3

−  

mmol·L–1 

3.39·10–7 
1.00·10–6 
1.02·10–5 
2.37·10–5 
3.39·10–5 
3.39·10–4 
3.05·10–3 
1.32·10–2 
3.39·10–2 
3.39·10–1 
2.01 
2.15 
2.45 
3.39 
1.02·101 

3.39·101 

7.63·10–2 
7.63·10–2 
7.63·10–2 
7.62·10–2 
7.62·10–2 

7.56·10–2 
7.22·10–2 
6.19·10–2 
4.55·10–2 
2.43·10–3 
5.07·10–5 
3.27·10–5 
-1.55·10–7 
-7.86·10–5 
-4.30·10–4 
-1.11·10–3 

–2.03·10–5 
–1.68·10–5 

2.65·10–5 
7.67·10–5 
1.09·10–4 
7.00·10–4 
4.21·10–3 
1.57·10–2 
3.79·10–2 
3.46·10–1 
1.53 
1.59 
1.73 
2.09 
3.58 
5.78 

–7.63·10–2

–7.63·10–2 

–7.63·10–2 

–7.63·10–2 

–7.63·10–2 

–7.63·10–2 

–7.64·10–2 

–7.75·10–2 

–8.34·10–2 

–3.49·10–1 

–1.53 
–1.59 
–1.73 
–2.09 
–3.58 
–5.78 

9.88 
9.88 
9.88 
9.88 
9.88 
9.87 
9.85 
9.79 
9.65 
8.38 
7.11 
7.07 
7.00 
6.83 
6.37 
5.95 

1.03·10–1

1.03·10–1 

1.03·10–1 

1.03·10–1 

1.03·10–1 

1.03·10–1 

1.03·10–1 

1.04·10–1 

1.09·10–1 

3.56·10–1 

1.53 
1.60 
1.73 
2.10 
3.58 
5.78 

7.63·10–2 

7.63·10–2 

7.63·10–2 

7.64·10–2 

7.64·10–2 

7.70·10–2 

8.06·10–2 

9.32·10–2 

1.21·10–1 

6.95·10–1 

3.05 
3.19 
3.46 
4.19 
7.16 
1.16·101 

 
As seen from Tab 9, at small values of [CO2]W0, the [HCO3

–] ≅ [H+] released 
from the dissociation of water. In this case, the dissociation of water and 
solubility of CaCO3 determine the equilibrium of the system. The data in the 
Tab 9 show that at [CO2]W0 = 2.45 mmol·L–1, the corresponding pH is equal to 
7.0,. indicating a neutral environment. At [CO2]W0 < 2.5 mmol·L–1, the liquid 
phase is basic, with a pH value exceeding 7. At [CO2]W0 > 2.5 mmol·L–1, the 
liquid phase is acidic, with a pH value dropping below 7 and the evolution of 
the equilibrium system is determined by the reaction between (CO2)W0 and H2O, 
which produces HCO3

– and H+ ions over the intermediary formation and 
dissociation of H2CO3. A certain amount of protons participates in the reaction 
between CO3

2– and H+ that forms HCO3
– ions increasing the equilibrium 

concentration of the latter; another part of H+ ions remain in solution resulting a 
decrease in pH. 

The positive values of OH2
]Δ[H+ is the outcome of the dissociation reaction 

of water, which acts as a proton donor and (
32COH]Δ[H+ ) has the negative value, 

as CO3
2– ion is an acceptor of protons. At higher values of [CO2]W0, when the 

dissociation of H2CO3 elevates the concentration of released protons, the 
reversible dissociation of water is suppressed to satisfy the condition 
Kw=constant. The protons are bound to OH– ions and OH2

]Δ[H+ acquires a 

negative value. If the value of [CO2]W0 ≤1.00×10–6 mmol·L–1, 
32COH]Δ[H+  has a 

negative value as a reversible dehydration of H2CO3 takes place. 
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4.3.4. Model-calculated vs experimental data in the closed system 

Experimentally measured and model-calculated [Ca2+] and pH values are 
presented in Tab 10.  
 

 
The experimental data for the [Ca2+] were in compliance with the developed 
theoretical model: values were in the range of 0.11÷5.80 mmol·L–1 (Tab 10). 
Thus, we found evidence in favour of the validity of the theoretical model 
developed during this study. 

Fig 20 shows that the final pH value in the water phase does not depend on 
the amount of added CaCO3. A higher initial amount of CaCO3 resulted in a 
faster increase in pH value due to the larger total surface area of salt particles 
(m2·kg–1) and hence larger interfacial surface. Experimentally measured 
stabilized pH values in the range of initial summarized concentrations of 
∑[CO2]W0 from 1.20×10–1 to 3.99×101 mmol·L–1 are shown in Tab 10. 

As seen in Fig 21 in page 60 and tables (9) and (10), the experimental results 
correspond to the theoretical model to the accuracy of approximately 0.1 pH 
units. Adding 1000 mg of CaCO3, the stabilisation of pH value (achieving a 
‘plateau’) took about two minutes. 

For comparison, an experimental pH value of 9.95 (at temperature of 25 °C) 
was reported by Garrels RM and Christ CL via adding CaCO3 to the 
equilibrium system of water–air [159]. 

Table 10. Experimentally measured and model-calculated [Ca2+] and corresponding 
final pH values in the closed H2O–[CO2]W–(CaCO3)S system 

[CO2]W0 
(mmol L–1) 

∑[COX]W 

calculated 
(mmol L–1) 

[Ca2+] 
measured 

(mmol L–1) 

[Ca2+] 
calculated 
(mmol L–1) 

pH value 
measured in water

with CaCO3 

pH value 
calculated 

1.32×10–2 1.20×10–1 0.11±0.01 0.10 9.74±0.05 9.79 

3.39×10–2 1.47×10–1 0.12±0.01 0.11 9.61±0.04 9.65 

3.39×10–1 7.09×10–1 0.37±0.01 0.36 8.32±0.06 8.38 

3.39 5.53 2.07±0.02 2.09 6.68±0.09 6.83 

1.02×101 1.38×101 3.62±0.04 3.57 6.29±0.08 6.37 

3.39×101 3.99×101 5.80±0.04 5.78 5.91±0.04 5.95 



61 

 
Figure 20. Measured pH values of the closed equilibrium system H2O–[CO2]W–
(CaCO3)S at different added amounts of CaCO3 (mg·L–1)  

 
 

Figure 21. Experimentally measured pH values of the closed equilibrium system H2

[CO2]W–(CaCO3)S in the range of ∑[COx]W0 from 1.20×10–1 to 3.99×101 mmol·L–1 
(t = 25 ºC)  
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4.4. Modelling of closed equilibrium system  
H2O–[CO2]W–(CaCO3)S–NH4Cl 

4.4.1. Modelling of the system H2O–[CO2]W–(CaCO3)S–NH4Cl 

In order to research the interconnection between carbonaceous and ammoniacal 
equilibria, a closed equilibrium system H2O–[CO2]W–(CaCO3)S–NH4Cl has been 
modelled and a series of experiments have been conducted in order to validate 
the model. The closed equilibrium system H2O–(CO2)W–(CaCO3)S, where 
selected initial values of [CO2]W0 were taken as constants, served as a base for 
modelling. To this system, solid NH4Cl was added, resulting in a transformation 
to the final equilibrium system H2O–(CO2)W–(CaCO3)S–NH4Cl where the ions 
and molecules were quantitatively distributed in accordance with the 
equilibrium constants as shown in Fig 22.  
 

 
Figure 22. Structural scheme of the equilibrium distribution of ions and molecules in 
the final closed equilibrium system H2O–[CO2]W–(CaCO3)S–NH4Cl. Kh is the hydration 
constant of CO2, K’

a1 the true acid dissociation constant of H2CO3, Ka2 the acid 
dissociation constant of HCO3

–, KSP is the solubility product constant of CaCO3,
 KW the 

ion–product constant of water, and Ka the acid dissociation constant of NH4
+ ions 

 
The values of the equilibrium constants for carbonaceous species and water in 
the equilibrium system are given by equations (39)-(42) and 50. The acid 
dissociation constant of the NH4

+ ions is expressed as:  
 

 10

4

W3
a 105.6

][NH

][H][NH
K −

+

+

×≅×=  mol·L–1 [160] (61) 
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In the closed system H2O–(CO2)w–(CaCO3)S–NH4Cl, the charge balance is: 
 
 ][Cl][OH][HCO]2[CO][NH][H]2[Ca 3

2
34

2 −−−−+++ +++=++ , (62) 

 
The molar balance of carbonaceous ions and molecules is: 
 
 W2332

2
3

2
W0XWX ][CO][HCO]CO[H][CO][Ca][CO][CO +++=+= −−+  

(63) 

 
where ∑[COX]W is the total amount of carbonaceous ions and molecules and 
∑[COX]W0 is the initial total amount of carbonaceous ions and molecules. It is 
the same as the molar balance equation in the closed system H2O–(CO2)W–
(CaCO3)S (Eq 56). Thus, the mass conservation criterion for carbonaceous ions 
and molecules is not changed by the adding of NH4Cl. 
 
The molar balance equation of ammoniacal ions and molecules is: 
 
 ][Cl][NH][NHCl][NH W34S4

−+ =+=  = constant, (64) 

 
where [NH4Cl]S is the amount of NH4Cl added to the equilibrium system of 
H2O–(CO2)W–(CaCO3)S. 
 
Calculation of [CO2]W, [CO3

2–], [H2CO3], [HCO3
–], [H+], [OH–], [Ca2+], [NH4

+], 
and [NH3] in the final equilibrium system requires solution of nine equations 
(39-42), (50) and (61-64). To decrease the number of unknowns, the composite 
constant Ka1 given by Eq 45 as in chapters 3.3.1 and 3.3.3 is used. On the basis 
of equations (61) and (64) the next equation is developed: 
 

 
a

4
K][H

][H
][Cl][NH

+
×= +

+
−+ . (65) 

 
The concentration variables in charge and molar balance equations are 
eliminated by replacing them with their algebraic expressions using equations 
(40-42), (45), (50) and (65). As a result of these replacements, two equations 
with two unknown concentrations ([HCO3

–] and [H+]) are obtained. The charge 
and molar balance equations are converted to the following forms (paper VI): 
 
 =−

Z3 ]HCO[  
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The equations (66) and (67) contain only one unknown: the [H+]. The equi-
librium values of [HCO3

–] and [H+] are calculated by an iterative method, using 
different values of [H+] (analogously with chapters 4.3.1 and 4.3.3, papers IV 
and V). 

The calculation of equilibrium values of [Ca2+], [NH3], ∑[COX]W, and pH is 
performed on the basis of calculated equilibrium values of [HCO3

–] and [H+]. 
The uptake of protons by CO3

2– ions (
−

+
2
3CO

]Δ[H ), the quantity of protons 

released from the dissociation of water (
O2H]Δ[H + ), H2CO3 (

32COH]Δ[H+ ), and 

from the dissociation of NH4
+ ions ( +

+
4NH

]Δ[H ) at a concentration of 

NH4Cl = 71 mmol·L–1 (with concentrations of [CO2]W0, [NH3], [Ca2+], [HCO3
–], 

and pH) are presented in Tab 11. The concentration of NH4Cl = 71 mmol·L–1 
roughly corresponds to the concentration of ammoniacal species in the reject 
water from anaerobic digestion of municipal sewage sludge [23, 45]. 

In the range of [CO2]W0 from 33.9 mmol·L–1 to 3.39×10–7 mmol·L–1, adding 
NH4Cl to the initial closed system H2O–[CO2]W0–(CaCO3)S results in a drop in 
pH in the new equilibrium system H2O–[CO2]W0–(CaCO3)S–NH4Cl as presented 
in Tables (11) and (12). The lower is the initial concentration of CO2 in water, 
[CO2]W0, the fewer protons are released from dissociation of H2CO3, and the 
main amount of protons that will react with CO3

2– are taken from the 
dissociation of NH4

+. As seen from Tab 12, in the range of [CO2]W0 from 

3.39×10–7 mmol·L–1 to 3.39×10–2 mmol·L–1, the concentration of bicarbonate 
ion, [HCO3

–], is less than the [H+] released from the dissociation of NH4
+. The 

difference between the +
+

4NH
]Δ[H and 

−
+

2
3CO

]Δ[H is equal to the negative proton 

transfer value of 
32COH]Δ[H+ , which is related to the reversible dehydration of 

H2CO3 that is taking place in the given range of [CO2]W0. In this case, the 
dissociation of NH4

+, dehydration of H2CO3, and dissolution of CaCO3 
determine the equilibrium processes. 
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Table 11. Results of the calculations of the equilibrium parameters after adding 
71 mmol·L–1 NH4Cl to the closed initial system of H2O–(CO2)W0–(CaCO3)S containing 
[CO2]W0 3.39×10–7 to 33.9 mmol·L–1 at t = 25oC 

 [CO2]W0
 

mmol·L–1 OH2
]H[ +Δ

mmol·L–1
 32COH]H[ +Δ

mmol·L–1
 

−
+Δ 2

3CO
]H[

mmol·L–1

+
+Δ

4NH
]H[

mmol·L–1
 

pH [NH3] 
mmol·L–1 

[Ca2+]
 

mmol·L–1 
[HCO3

–] 
mmol·L–1 

3.39×10–7 
1.00×10–6 
1.02×10–5 
2.37×10–5 
3.39×10–5 
3.39×10–4 
3.05×10–3 
1.32×10–2 
3.39×10–2 
3.39×10–1 

2.01 
2.15 
2.45 
3.39 
10.2 
33.9 

3.63×10–4 

3.63×·10–4 

3.63×10–4 

3.63×10–4 

3.63×10–4 

3.63×·10–4 

3.62×10–4 

3.59×10–4 

3.52×10–4 

2.70×10–4 

1.29×10–5 

3.29×10–8 

–2.54×10–7 

–9.27×10–5 

–4.12×10–4 

–1.12×10–3 

–6.85×10–2

–6.85×10–2 

–6.84×10–2 

–6.84×10–2 

–6.83×10–2 

–6.78×10–2 

–6.47×10–2 

–5.43×10–2 

–3.44×10–2 

2.41×10-2 

1.40 
1.47 
1.61 
1.99 
3.51 
5.76 

–1.28 
–1.28 
–1.28 
–1.28 
–1.28 
–1.28 
–1.28 
–1.28 
–1.28 
–1.30 
–1.77 
–1.82 
–1.92 
–2.22 
–3.63 
–5.79 

1.35 
1.35 
1.35 
1.35 
1.35 
1.35 
1.34 
1.331 
1.310 
1.052 

3.78×10–1 

3.52×10–1

3.11×10–1 

2.26×10–1 

1.21×10–1 

3.17×10–2 

7.59
7.59
7.59
7.59
7.59
7.59
7.58
7.58
7.57
7.48
7.03
7.00
6.94
6.80
6.36
5.95

1.35 
1.35 
1.35 
1.35 
1.35 
1.35 
1.34 
1.33 
1.31 

1.052 
3.78×10–1 

3.52×10–1 

3.11×10–1 

2.26×10–1 

1.21×10–1 

3.17×10–2

1.28 
1.28 
1.28 
1.28 
1.28 
1.28 
1.28 
1.28 
1.28 
1.29 
1.77 
1.82 
1.92 
2.22 
3.63 
5.79 

1.21 
1.21 
1.21 
1.21 
1.21 
1.21 
1.21 
1.22 
1.24 
1.53 
3.18 
3.29 
3.53 
4.21 
7.14 
11.56 

 
The [H+] released from dissociation of NH4

+ ions ( +
+

4NH
]Δ[H ) is equal to the 

concentration of NH3. At higher [CO2]W0, in the range of 2.45 mmol·L–1 to 
33.9 mmol·L–1, the dissociation of H2CO3 predominates and produces more 
protons than are released by the dissociation of NH4

+, with a corresponding 
decrease in pH below 7. After adding solid NH4Cl into sytem, the interval, 

where 
32COH]Δ[H+  values are negative, is widened towards higher values of 

[CO2]W0 and lies in the range of 3.39×10–7 to 3.39×10–2 mmol·L–1. If the initial 
concentration of dissolved CO2 is 2.15 mmol·L–1 and added NH4Cl (solid) 
concentration is 71 mmol L–1, the corresponding pH value is 7.00. In the range 

of [CO2]W0 values from 2.45 to 33.9 mmol L–1, values of O2H]Δ[H +  are 

negative, while dissociation of water is suppressed. 
Tab 12 shows the calculated values of ∑[COX]W, [Ca2+], [NH3]W, [NH4

+] and 
pH, when various amounts of NH4Cl are added to the system H2O–[CO2]W0–
(CaCO3)S with different initial concentrations of CO2. It can be seen that both, 
higher [CO2]W0 and higher dose of NH4Cl, cause an increase in solubility of 
Ca2+ ions and decrease of pH, as well as a decrease in [NH3]W to [NH4

+] ratio, 
indicating the interdependency of carbonaceous and ammoniacal equilibria. 

However, in real reject water the NH4
+ ions are counterbalanced with HCO3

– 
ions rather than Cl–, thus, the proton balance is different from that of the model, 
and the [NH3]W to [NH4

+] ratio is correspondingly affected. 



66 

Table 12. The calculated values of ∑[COX]W, [Ca2+], [NH3]W, [NH4
+] and pH, when 

CaCO3 and various amounts of NH4Cl are added to the system H2O–[CO2]W0 with 
different initial concentrations of CO2 at t=25 ºC  

[CO2]W0 
mmol·L–1 

Variable Initial 
values 

Added [NH4Cl]S, mmol·L–1 
0.0 27.0 55.0 71.0 105.0 

 
0.00 

 

∑[COX]W,
 
mmol·L

–1

[Ca2+], mmol·L–1 
[NH3]W, mmol·L–1 
[NH4

+], mmol·L–1 
pH

0.00 
– 
– 
– 

7.00 

0.10 
0.10 
0.00 
0.00 
9.88 

0.92 
0.92 
0.95 

26.06 
7.86 

1.17 
1.17 
1.22 
53.78 
7.66 

1.28 
1.28 
1.35 

69.66 
7.59 

1.46 
1.46 
1.56 

103.44 
7.48 

1.32×10–2 ∑[COX]W, mmol·L–1

[Ca2+], mmol·L–1 
[NH3]W, mmol·L–1 
[NH4

+], mmol·L–1 
pH 

1.57×10–2

– 
– 
– 

5.61 

0.12 
0.10 
0.00 
0.00 
9.78

0.94 
0.92 
0.93 

26.07 
7.85

1.19 
1.17 
1.21 
53.79 
7.65

1.29 
1.28 
1.33 

69.67 
7.58 

1.48 
1.46 
1.54 

103.46 
7.47 

 
3.39×10–1 

 

∑[COX]W, mmol·L–1

[Ca2+], mmol·L–1 
[NH3]W, mmol·L–1 
[NH4

+], mmol·L–1 
pH 

3.52×10–1

– 
– 
– 

4.90 

0.71 
0.36 
0.00 
0.00 
8.38 

1.31 
0.96 
0.66 

26.34 
7.67

1.55 
1.19 
0.93 
54.07 
7.54

1.65 
1.29 
1.05 

69.95 
7.48 

1.82 
1.47 
1.26 

103.74 
7.39 

3.39 
 

∑[COX]W, mmol·L–1

[Ca2+], mmol·L–1 
[NH3]W, mmol·L–1 
[NH4

+], mmol·L–1 
pH 

3.44 
– 
– 
– 

4.40

5.53 
2.09 
0.00 
0.00 
6.83

5.58 
2.14 
0.09 

26.91 
6.82

5.63 
2.19 
0.18 
54.82 
6.81

5.66 
2.22 
0.23 

70.77 
6.80 

5.71 
2.28 
0.33 

104.68 
6.79 

 
33.9 

 

∑[COX]W, mmol·L
–1

[Ca2+], mmol·L–1 
[NH3]W, mmol·L–1 
[NH4

+], mmol·L–1 
pH 

34.1 
– 
– 
– 

3.90 

39.89 
5.78 
0.00 
0.00 
5.95 

39.90 
5.79 
0.01 

26.99 
5.95

39.91 
5.79 
0.03 
54.98 
5.95

39.91 
5.79 
0.03 

70.97 
5.95 

39.91 
5.80 
0.05 

104.95 
5.95 

 
 

4.4.2. Model-predicted vs experimental data in the system  
H2O–[CO2]W–(CaCO3)S–NH4Cl 

The experiments were performed in a closed reaction cell, where CaCO3 was 
added to the initial equilibrium system H2O–[CO2]W0, and a supplementary 
amount of CO3

2– and Ca2+ ions were released by the dissolution of CaCO3. As 
shown in Fig 23, in the range of initial concentrations of CO2 in water from 
3.39×10–5 to 33.9 mmol L–1, adding CaCO3 to the equilibrium system caused the 
rise of pH value to about 2÷4 units, depending on the [CO2]W0. Maximum value 
of pH was 9.89±0.03 when [CO2]W0 was 3.39×10–5 mmol L–1, which coincides 
with the theoretically calculated pH value. Adding solid CaCO3 to the initial 
equilibrium system in the range of [CO2]W0 from 3.39 to 33.9 mmol L–1 resulted 
in the final pH value remaining below 7.  
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 Figure 23. Experimentally measured pH values of the closed equilibrium system H2O– 
[CO2]W–CaCO3–NH4Cl at the concentration range of [CO2]W0 3.39×10–5 to 
33.9 mmol L–1 at t = 25 ºC 
 
NH4Cl (71 mmol·L–1) was added, when at least ten minutes had passed from the 
addition of solid CaCO3 and no significant change in pH of the equilibrium 
system was observed any more. The addition of NH4Cl can be seen as an abrupt 
change of pH curve between 600 and 800 seconds from the beginning of the 
experiment. As seen on Fig 23, at initial concentrations of (CO2)W from 
3.39×10–5 to 3.39×10–1 mmol L–1, the pH values decreased after NH4Cl was 
added to the initial system of H2O–(CO2)W–CaCO3. The maximum change in 
pH value was 2.24±0.02 units at [CO2]W0 3.39×10–5 mmol L–1, with the final pH 
value reaching 7.65±0.02. However, at higher initial concentrations of (CO2)W 
in the range from 3.39 to 33.9 mmol L–1, the final pH values increased up to 
7.18±0.03 after NH4Cl was added to the initial system of H2O–(CO2)W–
(CaCO3)S. The maximum change in pH was 0.54±0.03, when initial 
concentration of CO2 in water was 3.39 mmol L–1. This indicates that pH values 
of final system were significantly affected by higher [CO2]W0 in the solutions. 

As shown in Tab 13, experimentally measured final stabilized pH values of 
the closed equilibrium system H2O–[CO2]W–(CaCO3)S–NH4Cl were generally 
close to the theoretical ones. Small differences (ΔpHmax=0.12 pH units) in these 
obtained values might be caused by the inaccurate gas preparation and flow 
control system. 

 

33.9 mM [CO2]W0 (added CaCO3+71 mM NH4Cl) 

10.17 mM [CO2]W0 (added CaCO3+71 mM NH4Cl) 

3.39 mM [CO2]W0 (added CaCO3+71 mM NH4Cl) 

0.339 mM [CO2]W0 (added CaCO3+71 mM NH4Cl) 

0.0339 mM [CO2]W0 (added CaCO3+71 mM NH4Cl) 

0.00339 mM [CO2]W0 (added CaCO3+71 mM NH4Cl) 
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Table 13. Experimental and model-predicted concentrations of [Ca2+] and corresponding 
final pH values in the closed H2O–[CO2]W0–(CaCO3)S–NH4Cl equilibrium system after 
adding 71 mmol L–1 NH4Cl 

[CO2]W0, 
mmol·L–1 

[Ca2+] 
measured, 
mmol·L–1 

[Ca2+] theoretically 
predicted, 
mmol·L–1 

pH value measured 
after addition of 

NH4Cl 

pH value 
theoretically 

predicted 

3.39×10-5 0.11±0.01 0.10 7.65±0.06 7.59 

1.32×10-2 0.12±0.01 0.11 7.60±0.03 7.58 

3.39×10-1 0.37±0.01 0.36 7.52±0.04 7.48 

3.39 2.07±0.02 2.09 7.18±0.06 6.80 

10.2 3.62±0.04 3.57 6.52±0.05 6.36 

33.9 5.82±0.04 5.78 6.08±0.04 5.95 

 
The values of the concentration of Ca2+ ions determined experimentally were in 
accordance with the developed theoretical model being in the range from 
0.11÷5.82 mmol·L–1 (Tab 13). As seen in Fig 23 and Tables (11)–(13), the 
experimental results corresponded to the theoretical model, which supported the 
validity of our novel proton transfer model linking different acid-base 
equilibria. The same approach can be applied to complex self-regulating 
systems involving more acid-base equilibria (e.g. phosphoric acid equilibrium). 
Thus, the validity of developed theoretical model was confirmed as a result of 
the present empirical study.  
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5. CONCLUSIONS 
SRAO studies: 
• The SRAO process was started up both in a MBBR system and in an UASBR 

system, using different inocula; 
• However, compared to the conventional Anammox UASBR, the SRAO was 

significantly less efficient and less stable, whereas there was no significant 
difference between the SRAO MBBR system and SRAO UASBR system. 
Only about one fourth of influent total nitrogen was removed by SRAO 
process, while in conventional anammox, ca two thirds of influent total 
nitrogen was removed; 

• The SRAO process took place as one reaction of the multiple complex 
interactions between nitrogen compounds, sulphur compounds and organic 
matter (containing quinoid groups). This resulted in a significantly higher 
removal ratio of NH4

+ than the SRAO stoichiometry predicts. The presence 
of denitrifying sulphur-oxidizing microorganism Sulfurimonas denitrificans 
DSM 1251 in the seeding sludge of SRAO UASBR and in the reactor’s 
sludge sample provided evidence in favor of this denitrification process. 

 
Pilot studies: 
•  Pilot-scale (3 m3) deammonification process was started-up in three 

configurations without anammox-specific inoculation using high-strength 
undiluted reject water as the sole source of functional bacteria. The process 
conditions were dictated by the realtime technological conditions of the 
sludge dewatering process in Tallinn municipal wastewater treatment plant; 

•  It was demonstrated that the autotrophic nitrogen removal could be started 
up independently of applied technological concept. However, the most stable 
and efficient nitrogen removal occurred in single-reactor biofilm system. 
Total nitrogen removal rates up to 1.04 kg-N m–3 d–1 and 0.3 kg-N m–3 d–1 
were achieved in the single-reactor biofilm- and sludge-based deammoni-
fication processes, respectively. In the two-stage system, the maximum total 
nitrogen removal rate was much lower mainly owing to the limited volume 
of nitritation reactor. The average total nitrogen removal efficiencies (in %) 
in the final stage of operation were 82±15, 73±14, and 72±24 in the single-
stage deammonification biofilm reactor, single-stage SBR and anammox 
reactor, respectively; 

•  The critical factors for successful start-up and stable operation were keeping 
pH below 7.5, dissolved oxygen at 0.3 ÷ 0.8 mg-O2 L

–1 and concentration of 
suspended solids in the influent below 1000 NTU; 

•  Free ammonia was the main inhibitory factor for deammonifying and 
anammox consortia of microorganisms prior to application of pH adjustment. 
The pH adjustment below 7.5 in order to maintain the estimated free ammonia 
concentration below 10 mg-NH3-N L–1 resulted in a successful start-up for 
all reactors achieving a total nitrogen removal efficiency of over 50% within 
4 ÷ 6 months. 



70 

Studies of chemical equilibria: 
•  Matematical models for an open system (CO2)G–H2O–(CO2)W–H2CO3–

HCO3
––CO3

2––(CaCO3)S and for two closed systems, H2O–(CO2)W–H2CO3–
HCO3

––CO3
2––(CaCO3)S and H2O–(CO2)W–(CaCO3)S–NH4Cl, were developed 

and experimentally verified. These models allowed the calculation on pH 
and concentrations of all species (ions and molecules) in the liquid phase; 

•  In the open system (CO2)G–H2O–(CO2)W–H2CO3–HCO3
––CO3

2––(CaCO3)S 

with P(CO2)G = 390 ppm at t = 25 °C, the equilibrium value of pH was 8.2. 
The minimum solubility of (CaCO3)S was ≅ 0.1 mmol L–1 at t = 25°C and 
P(CO2)G= 0.692 ppm. Under these conditions, the net interfacial transfer of 
CO2 equalled zero, corresponding to the case of closed system; 

•  In the closed system H2O–(CO2)W–H2CO3–HCO3
––CO3

2––(CaCO3)S, the pH 
of liquid phase is alkaline when ∑[COX]W0 ranged from 1.88 × 10–6 to 
0.352 mmol L–1 with the maximum value of 9.88 ± 0.03. In the range of 
∑[COX]W0 from 2.54 to 34.10 mmol L–1, the pH of liquid phase is acidic. 
When the closed system H2O–(CO2)W–H2CO3–HCO3

––CO3
2––(CaCO3)S, is 

formed, CO3
2– ions in the liquid phase will accept protons ( −

+
2
3CO

]Δ[H ) 

originating either from the dissociation of water ( O2H]Δ[H + ) or H2CO3  

(
32COH]Δ[H+ ). The smaller was the initial concentration of CO2 in water, 

the fewer protons were released from H2CO3. Thus, the dissociation of water 
at lower concentrations of [CO2]W0 gives the main amount of protons that 
will be bound to CO3

2– ions and the pH of liquid phase will rise; 
•  In the system H2O–(CO2)W–(CaCO3)S–NH4Cl, at lower [CO2]W0 the main 

source of protons in the liquid phase are NH4
+ ions and at higher initial 

concentrations of (CO2)W the main source of protons is H2CO3; 
•  Content of toxic NH3 in water was affected by the interaction between 

carbonaceous and ammoniacal equilibrium processes and can be estimated 
on the basis of developed model with a greater accuracy than on the basis of 
earlier published methods. The developed models allow one to assess the 
impact of anthropogenic processes on the environment and could be applied 
in water and wastewater treatment. The models are useful in the develop-
ment of innovative methods for measuring concentrations of CO2 and NH3 in 
water. 
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7. SUMMARY IN ESTONIAN 

Autotroofne lämmastikuärastus ja  
sellega seotud tasakaalulised protsessid 

Käesoleva väitekirja aluseks olevad kuus publikatsiooni käsitlevad kolme ala-
teemat: 
a) sulfaatredutseeriva ammooniumi oksüdatsiooni uuringud; 
b) deammonifikatsioniprotsessi käivitamine ja võrdlemine kolmes erineva 

konfiguratsiooniga pilootseadmes, mis realiseeriti vädu eeltöötluseta ning 
anammoks-spetsiifilise inokuleerimiseta tegeliku tehnoloogilise protsessi 
tingimustes; 

c) reoveekäitluse seisukohalt oluliste tasakaaluliste protsesside – karbo-naatsete 
ja ammoniakaalsete tasakaalude teoreetiline matemaatiline modelleerimine 
ja arvutuslike tulemuste eksperimentaalne kontroll. 

 
Sulfaatredutseeriv ammooniumi oksüdatsiooniprotsess (SRAO) käivitati nii 
liikuvate kandjatega biokilereaktoris (MBBR, aktiivruumalaga 3.3 L, t = 20 ºC) 
kui ka ülesvoolses heljuva mudakihiga anaeroobses reaktoris (UASBR, aktiiv-
ruumalaga 1.5 L, t = 36 ºC), kasutades erinevaid inokulume: vastavalt ettekasva-
tatud anammoks biokilet ja pärmitööstuse reoveepuhasti muda (artikkel I). 
Võrreldes UASBR-süsteemis teostatud tavapärase anammoks protsessiga, kus 
elektronaktseptorina kasutatakse NO2

–, oli SRAO protsess oluliselt madalama 
efektiivsusega ning ebastabiilsem: UASBR ja SRAO protsessides ärastati 
vastavalt ca ⅔ ja ca ¼ lämmastikust (artikkel II). Samas ei olnud sulfaatredut-
seerivas ammooniumi oksüdatsiooniprotsessis MBBR-süsteemi ja UASBR-
süsteemi vahel efektiivsuses olulist erinevust (artikkel I). 

SRAO protsess toimus ühe reaktsioonina keerukast reaktsioonideahelast, mis 
hõlmas lämmastiku- ja väävliühendeid ning kinoonrühmi sisaldavaid orgaanilisi 
ühendeid. Tulemuseks oli oluliselt suurem ärastatud ammooniumlämmastiku 
suhe ärastatud sulfaatiooni koguse kohta kui võrrandi (6) stöhhiomeeriline 
vahekord seda näitab. Denitrifitseeriva väävlit oksüdeeriva mikroorganismi 
Sulfurimonas denitrificans DSM 1251 identifitseerimine sulfaatredutseeriva 
UASBR seemnemudas ja reaktori mudaproovis tõendas nimetatud denitrifi-
katsiooniprotsessi kulgemist.  
 
Tuginedes varasemates laboratoorsetes uuringutes saadud kogemustele, teostati 
reoveepuhasti jääkmuda käitleva metaanitanki vädu autotroofse lämmastiku-
ärastuse käivitamise uuring pilootskaalas reoveepuhastusjaama tegelikes tehno-
loogilistes tingimustes (artikkel III). Täisautomatiseeritud pilootkatse-jaamas 
käivitati ühesugustel tingimustel kolm erinevat opereerimisüksust: vahelduva 
aeratsiooniga deammonifitseeriv liikuvate kandjatega biokilereaktor (V=3 m3), 
deammonifitseeriv biomudapõhine annuspuhasti (V=3 m3) ja kaheastmeline 
süsteem, mis koosnes eraldatud nitritatsioonireaktorist (V=0,3 m3) ning liikuvate 
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kandjatega anammoks biokilereaktorist (V=3 m3). Biokilereaktoritesse laaditi 
biomassita uued kandjad, autotroofsete bakterite allikaks oli käideldav vädu. 
Eksperimentide algfaasis, kui ei kasutatud automaatset pH kontrolli, esines 
kõigis süsteemides bioprotsessi tugev inhibitsioon, mis oli tingitud eelkõige 
vaba ammoniaagi kõrgest kontsentratsioonist vedelfaasis. Pärast automaatse pH 
kontrolli rakendamist saavutati kõigil kolmel opereerimisüksusel 4–6 kuu 
jooksul autotroofne lämmastikuärastus efektiivsusega üle 50%. Automaatne pH 
kontroll madalamatel pH väärtustel kui 7,5 võimaldas hoida vaba ammoniaagi 
kontsentratsiooni <10 mg-NH3-N·L–1, kõrvaldades sellega vaba ammoniaagi 
inhibeeriva mõju. 

Näidati, et autotroofset lämmastikuärastust on võimalik käivitada sõltumatult 
rakendatavast tehnoloogilisest kontseptsioonist, kuid kõige stabiilsem ja efek-
tiivsem lämmastikuärastus toimus vahelduva aeratsiooniga liikuvate kandjatega 
biokilereaktoris. Üldlämmastiku maksimaalseteks ärastuskiirusteks saadi 1.04 kg-
N·m–3·d–1, 0.3 kg-N·m–3·d–1 ja 0.11 kg-N·m–3·d–1, vastavalt vahelduva aeratsioo-
niga biokilereaktoris, annuspuhastis ja kaheastmelises süsteemis. Nitritatsiooni-
reaktori piiratud mahu tõttu jäi üldlämmastiku maksimaalne ärastuskiirus kahe-
astmelises süsteemis tunduvalt madalamaks kui üheastmelistes süsteemides. 
Keskmine üldlämmastiku ärastusefektiivsus pilootkatsejaama opereerimise 
viimasel perioodil oli oli vahelduva aeratsiooniga biokilereaktoris, annuspuhastis 
ja anammoks biokilereaktoris oli vastavalt 82±15%, 73±14% ja 72±24%. 
Lämmastikuärastuse edukaks käivitamiseks ja stabiilse opereerimise tagamiseks 
tuli kontrollida järgmiste kriitiliste parameetrite väärtusi: pH < 7,5, lahustunud 
hapniku kontsentratsioon 0,3–0,8 mg-O2·L

–1 ning sissevoolu heljumisisaldus 
< 1000 NTU.  
 
Vädu on keerulise koostisega süsteem, mille üksikute komponentide kontsent-
ratsioonid on määratud mitme pH-st sõltuva, üksteisega prootonite kaudu seotud 
tasakaaluliste protsessidega. Neist tasakaaludest peamised on karbonaatne tasa-
kaal (CO2)W–HCO3

––CO3
2– ja ammoniakaalne tasakaal (NH3)W–NH4

+. Vädu 
efektiivse käitluse seisukohalt on oluline teada vädu koostises olevate kompo-
nentide kontsentratsioone. Käesolevas töös võeti lähema vaatluse alla karbo-
naatsed tasakaalud süsteemide (CO2)W–H2O–(CaCO3)S näitel. Karbonaatsete ja 
ammoniakaalsete tasakaalude omavahelise vastasmõju uurimiseks vaadeldi 
olukorda, kus karbonaatsele süsteemile on lisatud NH4Cl. Käesolevas töös tuletati 
teoreetiliselt matemaatilised mudelid alljärgnevatele heterogeensetele tasakaalu-
listele süsteemidele: 
 
1) mudel, mis on esitatud artiklis IV, kirjeldab matemaatiliselt avatud süsteemis 

(CO2)G–H2O–(CO2)W–H2CO3–HCO3
––CO3

2––(CaCO3)S toi-muvaid keemilisi 
tasakaalu protsesse ning võimaldab arvutada süsteemi pH ja CO3

2–, HCO3
–, 

H2CO3, Ca2+, H+ ja OH– kontsentratsioone antud süsteemi vedelfaasis eri-
nevate etteantud süsihappegaasi kontsentrat-sioonide korral gaasifaasis. 

2) mudel, mis on esitatud artiklis V, kirjeldab matemaatiliselt suletud süsteemis 
H2O–(CO2)W–H2CO3–HCO3

––CO3
2––(CaCO3)S toimuvaid tasakaalulisi 
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protsesse ja võimaldab arvutada pH ning kõikide kompo-nentide (CO3
2–, 

HCO3
–, H2CO3, (CO2)W, Ca2+, H+ ja OH–) kontsentrat-sioone erinevate 

[CO2]W0 väärtuste korral.  
3) mudel, mis on esitatud artiklis VI, kirjeldab matemaatiliselt suletud süsteemis 

H2O–(CO2)W–(CaCO3)S–NH4Cl toimuvaid tasakaalulisi protsesse ja võimal-
dab arvutada pH ning kõikide komponentide (CO3

2–, HCO3
–, H2CO3, (CO2)W, 

Ca2+, H+, OH–, NH4
+ ja (NH3)W) kontsentrat-sioone erinevate [CO2]W0 

väärtuste ning erinevate lisatud NH4Cl koguste korral.  
 

Kõigile kolmele mudelile teostati ka eksperimentaalne valideerimine. Model-
leerimisest tulenevad alljärgnevad järeldused: 

 
• avatud süsteemis (CO2)G–H2O–(CO2)W–H2CO3–HCO3

––CO3
2––(CaCO3)S süsi-

happegaasi osarõhul P(CO2)G = 390 ppm ja t = 25 °C, on tasakaaluline pH = 
8,2; 

• avatud süsteemis (CO2)G–H2O–(CO2)W–H2CO3–HCO3
––CO3

2––(CaCO3)S on 
temperatuuril 25 °C ja CO2 osarõhul P(CO2)G = 0,692 ppm tahke CaCO3 
lahustuvuse miinimum 0,1 mmol·L–1. Neil tingimustel on süsinikdioksiidi 
faasidevaheline netoülekanne võrdne nulliga, mis vastab olukorrale suletud 
süsteemis; 

• Suletud süsteemis H2O–(CO2)W–H2CO3–HCO3
––CO3

2––(CaCO3)S on vedel-
faas aluseline, kui ∑[COX]W0 on vahemikus 1,88×10–6 kuni 0,352 mmol·L–1, 
maksimumiga pH=9,88 ±0,03. Vahemikus ∑[COX]W0 2,54 mmol·L–1 kuni 
34,10 mmol·L–1 on vedelfaas happeline; 

• Kui moodustub suletud süsteem H2O–(CO2)W–H2CO3–HCO3
––CO3

2––
(CaCO3)S, liidavad CO3

2– ioonid prootoneid, mis pärinevad kas vee või 
H2CO3 dissotsiatsioonist. Mida väiksem on süsteemi [CO2]W0, seda vähem 
vabaneb prootoneid H2CO3 dissotsieerumisest. Seega annab vee dissotsiat-
sioon madalamate [CO2]W0 korral peamise hulga prootoneid, mis seotakse 
CO3

2– ioonide poolt ja vedelfaasi pH suureneb; 
• Süsteemis H2O–(CO2)W–(CaCO3)S–NH4Cl on madalama [CO2]W0 korral 

peamiseks prootonite allikaks NH4
+ ioonid ja kõrgematel vees lahustunud 

süsihappegaasi algkontsentratsioonidel on peamine prootonite allikas H2CO3; 
• Toksilise vaba ammoniaagi kontsentratsiooni vesikeskkonnas (NH3)W 

mõjutab karbonaatse ja ammoniakaalse tasakaaluprotsesside vastastikmõju 
ning seda saab väljatöötatud mudeli põhjal hinnata suurema täpsusega kui 
varem kirjanduses pakutud meetoditega; 

• Väljatöötatud mudelid võimaldavad hinnata inimtekkeliste protsesside mõju 
keskkonnale ja neid saab rakendada mitmetes keskkonna-tehnoloogia vald-
kondades, eelkõige joogivee- ja reoveepuhastuses. Mudelid on kasulikud ka 
vees lahustunud süsihappegaasi ja ammoniaagi uuenduslike mõõtmismeeto-
dite väljatöötamisel. 
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